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ABSTRACT 
 
Biotic homogenization, a process by which β-diversity erodes, represents a severe threat to 
biodiversity.  Wetlands are especially susceptible to biotic homogenization; however, this process has 
rarely been documented and represents just one of many possible outcomes of compositional change.  
Additionally, it has been suggested that the practice of compensatory wetland mitigation, which seeks 
maintain the integrity of wetlands at the national level by offsetting the destruction of wetlands with 
the restoration of wetlands elsewhere, may inadvertently result in homogenization.  This thesis consists 
of two studies that address these issues.  In the first, I investigated how β-diversity has changed through 
15 years in 59 Illinois wetlands (48 herbaceous emergent wetlands and 11 floodplain forests).  This study 
focused on both within-site and regional scales, and assessed whether taxonomic homogenization has 
occurred in these wetlands.  In the second study, I used 38 compensation wetlands (26 herbaceous 
emergent and 12 floodplain forest wetlands) and 146 natural wetlands (107 herbaceous emergent 
wetlands and 39 floodplain forests) to investigate whether plant communities in compensation wetlands 
were more homogenous than those of natural wetlands in Illinois at within-site and regional scales.  In 
both studies, pairwise occurrence- and abundance-based dissimilarity metrics were used to quantify β-
diversity.  In the first study, these metrics were used to track changes in β-diversity over four sampling 
periods over 15 years.  Nonmetric multidimensional scaling was used map these changes in 
compositional similarity through time, and repeated measures ANOVA via randomization was used to 
test for a significant effect of time on β-diversity.   
Results indicate that herbaceous emergent wetlands homogenized in Illinois over the period 
spanning 1997 to 2015 due to the increased presence and abundance of Phalaris arundinacea L. and the 
decline of several other species.  The canopy layer of floodplain forests has also homogenized as Celtis 
occidentalis L. has increased in importance.  While wetlands did display patterns of changing 
dissimilarity that would be consistent with internal, within-site homogenization, these patterns were not 
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significant.  Using both presence-absence and abundance data to investigate taxonomic homogenization 
helped avoid an underestimation of the impact of taxonomic homogenization on beta diversity, and 
points to different dynamics of beta diversity at these two resolutions of community organization.  Still, 
this study highlights some limitations associated with investigating taxonomic homogenization, such as 
the problems of documenting the process in a region where homogenization is not occurring in all sites, 
or where sites are converging towards more than one homogenized state.  Incorporating concepts like 
alternative stable states may helpful in resolving these issues.   
In the second study, pairwise occurrence- and abundance-based dissimilarity metrics were 
calculated for 146 natural wetlands and 38 compensation wetlands to investigate whether 
compensation wetlands are themselves more homogenous than natural wetlands at within-site and 
regional scales.  Differences in the within-site and regional spatial structure of β-diversity between 
wetland types were assessed by comparing values of pairwise dissimilarity to hydrological and distance 
gradients, and compositional differences that may account for differences in β-diversity were assessed 
using indicator species analysis.  Results indicate that internally, compensation wetlands were more 
differentiated with respect to taxonomic identity (i.e. had higher internal beta diversity) than natural 
wetlands.  However, differences in the structure of turnover along the hydrological gradient, which in 
compensation wetlands showed consistently declining beta diversity amongst nearest neighbors along 
the hydrological gradient, suggest that whether compensation wetlands are considered more or less 
homogenous may depend on where along the hydrological gradient the assessment is based.  
Regionally, compensation wetlands were not more homogenous than natural wetlands.  Rather, greater 
differentiation was found in compensation forest herbaceous layers, which may reflect differences in 
successional stage between natural and compensation wetlands.  Although compensation herbaceous 
emergent wetlands do not, by themselves, represent a more homogenous set of communities at the 
regional level, there is a high degree of compositional overlap between compensation sites and natural 
iv 
 
sites that have already homogenized.  Therefore, the practice of compensating for wetland losses in 
herbaceous emergent wetlands as it is practiced currently may not overcome the continued degradation 
of β-diversity that is occurring regionally.   
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CHAPTER 1: TAXONOMIC HOMOGENIZATION OF WETLAND PLANT COMMUNITIES WITHIN SHORT 
TIMESCALES IN THE PRESENCE OF AN AGGRESSIVE INVADER  
Introduction 
Human activities in the modern era have severely impacted environmental and ecological 
conditions, resulting in a profound loss of biodiversity (Diamond 1989).  This loss of biodiversity is 
occurring at all levels of organization, including compositional turnover (known as β-diversity), which is 
being eroded by a process known as biotic homogenization (BH) (McKinney and Lockwood 1999).  Biotic 
homogenization can occur when a few generalist species increase in abundance or distribution (called 
“winners”) while numerous other species decline in abundance or become extirpated (called losers), 
thus drawing once distinctive areas into a close degree of compositional similarity (McKinney and 
Lockwood 1999).  This process of homogenization may occur across all spatial scales (Olden and Rooney 
2006) including within a community (internal homogenization) or amongst communities (regional 
homogenization).  While periods of homogenization have taken place naturally over the course of 
Earth’s history, human activities that have promoted exotic species invasions and contributed to habitat 
degradation have elevated the rate at which BH is occurring (Olden and Poff 2003).  This has resulted in 
a prominent conservation crisis that encompasses the loss of regionally distinctive genetic 
characteristics (genetic homogenization), functional characteristics (functional homogenization), and 
taxonomic characteristics (taxonomic homogenization) of ecological communities (Olden et al. 2004, 
Olden and Rooney 2006).   
The conservation concerns associated with BH are especially pertinent to wetlands, which 
possess intrinsic characteristics that make them more prone to homogeneity and homogenization than 
other ecological communities.  The uniformity of wetland environmental conditions, which only a 
narrow suite of specialized plants can tolerate, has resulted in monomorphic species with broad 
distributions (Les 1988, Barrett et al. 1993).  These plants possess traits such as clonal reproduction and 
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highly effective dispersal that make homogeneity common (Santamaria 2002).  This wide geographical 
distribution and limited taxonomic diversity in wetland plants makes wetland communities naturally 
more homogenous than upland communities at local (Santamaria 2002) and continental scales (Qian 
and Guo 2010).  Additionally, the hydrogeomorphology of wetlands as landscape sinks allows for 
frequent flooding disturbances, which create canopy gaps and bring invasive propagules and nutrient 
laden water into landscape basins (Zedler and Kercher 2004).  The influx of runoff laden with agricultural 
fertilizers into wetlands has been associated with lower biodiversity and monotypic communities 
(Drexler and Bedford 2002).  The opportunity-opportunist matchups between the characteristic 
disturbances of landscape sinks and their invaders makes wetlands more prone to invasion, especially 
invasions that result in monotypic stands, than other ecosystems (Zedler and Kercher 2004).  
In addition to a high natural potential for homogeneity, anthropogenic activities are responsible 
for the widespread degradation of wetland hydrology (Brinson and Malvarez 2002, Zedler and Kercher 
2005), which has potential consequences for wetland β-diversity.  The vegetative composition of 
wetlands is organized strongly along hydrological gradients, which represent the primary factor 
determining the zonation of species and the resultant local β-diversity (Spence 1982, Keddy 2010).  
Anthropogenic activities, however, can weaken the organizing power of such environmental gradients, 
decoupling composition from environmental variability, and leading to BH (Vellend et al. 2007).  
Manipulations of hydrology change the nature of hydrological gradients and have been proposed as a 
mechanism that encourages and exacerbates invasion by certain species (Galatowitsch et al. 1999).  
Indeed, wetlands with a history of hydrological disturbance tend to be dominated by species poor 
stands of invasive plants (Kercher et al. 2004).  The consequences of hydrological manipulation, as well 
as a natural predisposition for homogeneity, make the prospect of homogenization in wetlands a 
substantial conservation concern.   
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In spite of the high potential for TH in wetlands, few studies have clearly documented the 
process in a direct and quantifiable manner.  This is due, in part, to a general scarcity of long-term 
baseline datasets.  However, because wetlands are susceptible to rapid compositional changes that have 
a high potential to result in homogeneity, longitudinal data over time scales shorter than those typically 
used in homogenization studies may be suitable.  Documenting TH in wetlands is important because 
while homogenization has been suggested as a likely outcome of compositional change, various 
scenarios of compositional change are capable of producing no change in β-diversity, or even biotic 
differentiation (Olden and Poff 2003, Olden and Rooney 2006).  Identifying winning and losing species is 
essential for understanding what is driving TH (Olden and Rooney 2006), and has important implications 
for management decisions aimed at protecting β-diversity.   
Therefore, the goal of this study is to investigate changes in β-diversity in naturally occurring 
wetlands, and to identify species that are contributing to taxonomic homogenization (TH).  I addressed 
the following research questions: 1) Are wetlands becoming more taxonomically homogeneous over 
time at local scales (within each site)? 2) Are wetlands becoming more taxonomically homogenous over 
time at regional scales (between sites)?  3) If wetlands are undergoing TH, which species are winning 
and which are losing?   
This study is unique for two reasons.  Unlike most studies on homogenization that use two 
points in time to document homogenization over long time intervals, this study used a four-point time 
series to document the changes in β-diversity over a relatively short period of time (15 years).  Using 
only two time points to document homogenization, as most studies do, provides a coarse picture of 
what may be a highly dynamic process.  Second, in this study I investigate the process of taxonomic 
homogenization at two resolutions of community composition by using both abundance data and 
presence absence data.   
 
4 
 
Methods 
Study area 
The extent of this research covers the entire state of Illinois, which has been heavily impacted by 
anthropogenic activities.  While wetlands once covered vast areas of the state, most of those areas have 
been drained for agriculture (Dahl 1990, Mitsch and Gosselink 2007, Fennessy and Craft 2011).  The 
dominant land cover type in Illinois is agriculture, comprising approximately 60% of the state’s total 
surface area (Illinois Department of Natural Resources 2015).  Wetlands account for 3.2% of the total 
surface area of the state, 69.1% of which is bottomland forest, and 29.0% of which is herbaceous 
emergent wetlands (Illinois Department of Natural Resources 2015).  About 30% of the flora of Illinois is 
comprised of non-native species (Mohlenbrock 2014).  Given that anthropogenic disturbance, invasive 
species, and environmental change are all drivers of TH, Illinois is well suited for studies on this topic. 
CTAP dataset 
The Critical Trends Assessment Program (CTAP) is a long-term ecological monitoring program in 
Illinois.  Scientists at the Illinois Natural History Survey (INHS) have been collecting data for CTAP 
continuously since 1997.  Among the sites monitored through CTAP are 150 emergent palustrine 
wetlands that are distributed randomly throughout the state.  These wetlands are at least 2-ha in size 
with a minimum of 500-m2 of suitable area for sampling.  All sites monitored through CTAP are free to 
undergo successional processes and receive minimal to moderate management.  Information on the 
history of individual sites was used to determine whether individual sites represented a natural state.  
Sites that were distinguished from natural wetlands were removed from consideration and included 
restored or created wetlands, and wetlands that had undergone severe environmental changes that 
resulted from anthropogenic activities, such as salt-spills.   
The INHS monitors all CTAP sites on a five-year cycle.  Thirty wetland sites and thirty forest sites 
are monitored every year.  The years in which sites are monitored were initially chosen to be random, 
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but are fixed within the cycle, so that every site is monitored every five years.  These five-year cycles 
represent the unit of time over which change in β-diversity was assessed in this study and are referred 
to as sampling periods.  The sampling periods used in this study are as follows: 1997 to 2000, 2002 to 
2005, 2007 to 2010, and 2002 to 2015.  Sites sampled in years 2001, 2006, and 2011 were not used 
because data for the 2016 assessment had not been collected at the time of this analysis.  Sampling 
protocols are described by Carroll et al. (2002).   
Sampling protocol for herbaceous emergent wetlands 
A 50-m baseline was extended along the edge the site from a permanent marker.  A 41-m 
transect was laid out perpendicularly from a randomly selected point along the baseline into the 
wetland roughly following the hydrological gradient of the site.  Woody vegetation less than 1 m tall and 
all herbaceous plants were identified to species and assigned cover classes in twenty 0.25-m2 plots laid 
out every 2 m along the transect.  Cover was estimated using protocols by Bailey and Poulton (1968) 
(cover classes of <1%, 1-5%, 5-25%, 25%-50%, 50%-75%, 75%-95% and 95%-100%) and midpoints of 
these cover classes were used for data analysis.  Transects were terminated in open water with less than 
30% vegetation cover, or when the opposite side of the site was reached.  If a transect was terminated, 
a secondary transect was started from a random point on the baseline extending into the wetland to 
accommodate the remaining plots. 
Sampling protocol for floodplain forests 
Floodplain forest sites were monitored with three 50-m x 10-m plots radiating out from a 
randomly placed, permanent center point.  The plots were laid out along three 50-m transects beginning 
10 m from the center point and radiating outward at randomly selected compass bearings avoiding any 
overlap in plots.  Ten 0.25-m2 plots were laid out along each transect every 5 m.  Woody plants less than 
1 m tall and all herbaceous plants that were rooted inside the plot were identified to species and their 
ground cover estimated using protocols by Bailey and Poulton (1968) (see Sampling protocol for 
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herbaceous emergent wetlands).  Trees greater than 5 cm diameter-at-breast-height (DBH) were 
identified to species within 50-m x 4-m subplots centered along each transect and DBH was measured 
for each tree.  These data were used to produce an importance value (IV) for each species calculated as 
the sum of the relative density of a species (the number of individuals divided by the total number of all 
individuals counted) plus the relative dominance of a species (the total basal area of a species divided by 
the total basal area of all species).  This measure, which is similar to relative abundance, ranges between 
0 and 2 for each species within a site, but was scaled from 0 to 1 to be consistent with the measures of 
relative abundance used in this study.  Species nomenclature follows Mohlenbrock (2014). 
Pairwise comparisons of compositional dissimilarity 
Vegetation data were used for pairwise comparisons of compositional dissimilarity, using the 
Sorensen Index on occurrence data, and the Morisita-Horn Index on square root transforms of 
abundance data, including IVs for the canopy layer of floodplain forests.  While there are many ways of 
assessing β-diversity, I chose to analyze pairwise dissimilarities because pairwise comparisons are 
commonly used to assess trends in β-diversity (Anderson et al. 2011).   
The Morisita-Horn Index was used to assign a value of dissimilarity based on the overlap in 
abundances or IVs of species shared between sites, and the Sorensen dissimilarity Index was used to 
assign a value of dissimilarity based solely on species that co-occur between sites.  These dissimilarity 
indices were chosen because they are special cases of the general compositional overlap measure, CqN 
(Chao et al. 2008), and are transformations of true measures of β-diversity (Jost et al. 2011).  These 
metrics differ in the amount of emphasis placed on species’ relative abundance: the Morisita-Horn Index 
is sensitive to the most abundant species, and the Sorensen Index is sensitive to rare species.  Taken 
together, they represent the endpoints of a spectrum of how β-diversity may be structured in light of 
different degrees of species dominance within an assemblage.  Additionally, because these metrics are 
derived from the same general overlap measure and scale between 0 and 1, I was able to make 
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comparisons between similarity values derived from species’ relative abundances and species’ 
occurrences (Jost et al. 2011).  This kind of comparison allowed me to determine whether the simple 
presence of shared species or the overlap of abundances of those species are more meaningful to β-
diversity within a set of sites.  Additionally, certain compositional changes may result in patterns of beta 
diversity that differ in magnitude and direction between analyses carried out with occurrence data and 
those carried out with abundance data (Cassey et al. 2008).  Therefore, when interpreting the 
mechanisms and impacts of homogenization it is important to use both occurrence based and 
abundance based assessments of taxonomic dissimilarity, if both types of data are available.  For 
instance, if beta diversity is changing based on abundant species that are widespread, using abundance 
data, rather than occurrence data alone, helps avoid an underestimation of the impact of compositional 
change on beta diversity (McKinney and La Sorte 2007).  Pairwise dissimilarity values were calculated 
using vegdist in the vegan statistical package in R (Oksanen et al. 2015).   
Internal Homogenization 
To assess whether naturally occurring wetlands in Illinois became more internally homogenous 
over time, a subset of sites was chosen from the herbaceous emergent wetlands dataset for analysis. 
Because the length of initial sampling transects varied from year to year, sites were selected for this 
analysis only if their initial sampling transects extended 41 meters in all years of sampling.  In doing so, 
samples were avoided that may over-represent species found at the wetland edge, since areas near the 
drier end of the transect would be sampled more than once at sites with truncated initial transects.  This 
criterion left 18 herbaceous emergent wetlands to use for analysis.   
To assess whether internal homogeneity increased in floodplain forests, sites were chosen 
based on the criterion of three entire transects per site in all four years of sampling.  This left 11 
floodplain forests sites to analyze.   
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Community composition data for each herbaceous emergent site in each year was assembled 
into a species by plot matrix.  All pairwise comparisons between plots within a specific site within a 
specific year were calculated.  These pairwise comparisons for each site within each sampling year were 
averaged to generate the mean degree of internal β-diversity (βinternal) for each site/sampling year.  
Repeated measures ANOVA was used to test the null hypothesis that there was no difference (at 
α=0.05) in mean βinternal due to sampling period.  
For floodplain forest sites, a measure of βinternal based on the mean pairwise similarities between 
sampling transects was used to assess changes in internal β-diversity through time.  Community 
composition data were assembled into a species by transect matrix for each site within each year of 
sampling.  This was done separately for both the herbaceous layer and the canopy layer of floodplain 
forests.  These pairwise comparisons were averaged to generate a βinternal for each site within each 
sampling period.  Repeated measures ANOVA was used to test the null hypothesis that there was no 
difference in βinternal due to sampling year.  All statistical tests were performed using the R statistical 
package (R Core Team 2015). 
Regional Homogenization 
Unlike sites selected for investigating internal homogenization, sites selected for an assessment 
of regional homogenization were used even if the initial sampling transect was truncated.  Forty-eight 
herbaceous emergent wetlands and 11 floodplain forests were selected for analysis.  For each wetland 
type, community composition data for all sites within each sampling year were aggregated and 
assembled into species by site matrices.   
Nonmetric multidimensional scaling (NMDS) was used to visualize changes in community 
composition through time.  Both the Morisita-Horn and Sorensen similarity indices were used in this 
ordination with 50 random starts.  Based on an analysis of scree plots, 4 dimensions were used for all 
NMDS plots and final stresses ranged from 0.094 to 0.135 for all analyses (a stress of less than 0.2 is 
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generally considered acceptable).  The movement of sites from one sampling year to another within 
multidimensional space was tracked using arrows to express vectors of change.  To more clearly 
visualize compositional change in the cluttered plots, arrows representing vectors of change between 
only the first and last year of sampling were plotted separately.  For each NMDS plot, an additional plot 
representing species placement within multidimensional space was used to help identify which species 
may be most meaningful for organizing β-diversity and TH.  Those species plots that are not included in 
this chapter are located in Appendix A.  NMDS plots were generated using the vegan statistical package 
in R (Oksanen et al. 2015). 
All possible pairwise comparisons were made between sites within each sampling year. The 
degree of community differentiation (βSOR when using the Sorensen Index and βMH when using the 
Morisita-Horn Index) was calculated for each site within each sampling year as the average pairwise 
comparison between that site and all other sites.  Because values of βSOR and βMH are based on pairwise 
comparisons that lack independence, nonparametric statistics were used to assess changes in beta 
diversity over time.  Repeated measures ANOVA via randomization was used to test the null hypothesis 
that there was no difference in βSOR or βMH based on sampling year.  P-values were based on 4999 
randomizations and evaluated at α=0.05.  Randomization procedures were based on those developed by 
Howell (2015) and carried out in R (R Core Team 2015). 
Patterns of TH are dependent on changes in both richness and spatial turnover (Olden and Poff 
2003).  Changes in species richness can result in homogenization when richness values become similar 
across sites (Baiser et al. 2012).  Investigating the effects of richness in studies of TH is therefore 
important for interpreting the results of analysis (Baeten et al. 2012, Baiser et al. 2012).  An analysis of 
richness across sampling years and its contribution to β-diversity was carried out using a method by 
Carvalho et al. (2012) and the results are included in Appendix B.   
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Winning and Losing Species 
Because biotic homogenization is a process by which numerous specialist species are replaced 
by a few wide ranging generalists, it is important to identify which species are increasing in distribution 
and abundance (called “winners”) and which species are declining (called “losers”) (McKinney and 
Lockwood 1999, Olden 2006).  Winning and losing species were identified in a qualitative manner in 
communities that displayed patterns of TH by tracking trends in abundance and distribution.  To track 
changes in species distribution, the total number of sites occupied by each species was calculated within 
each sampling period.  The absolute magnitude of the change in total species occurrence between the 
last year of sampling and the first year of sampling was calculated.  Species that experienced a change in 
total occurrence of 4 or greater between the first and last sampling periods were considered potential 
winners or losers.  Four was chosen as the lower limit for overall change in species occurrence because it 
is the minimum number to represent a consistent change across sampling periods.  Species that 
experienced consistent patterns of change were identified as winners or losers depending on the 
direction of change (positive or negative).  Consistent change refers to a pattern of occurrence in which 
changes in occurrence between sampling periods were always in the same direction as the overall trend.  
Species that experienced no change in occurrence between one pair of adjacent sampling years, but 
otherwise exhibited consistent changes between sampling periods were considered to display a pattern 
of consistent change.  Since TH occurs when a few winning species replace numerous losing species, it 
should be expected that consistent declining patterns (losing patterns) in species’ total occurrence 
should be more common than consistent increasing patterns (winning patterns). 
Because βMH is sensitive to the most abundant species, winners and losers were assessed among 
species that experienced a change in average percent relative abundance or average percent IV of at 
least 2% between the first and last sampling period.  Species with generally increasing and decreasing 
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abundances were noted if NMDS plots indicated that changes in these species abundances may be 
important for homogenization.   
Results 
Herbaceous Emergent Wetlands: Internal dissimilarity 
For herbaceous emergent wetlands, the average value of βinternal consistently decreased over the 
four sampling years.  This pattern of declining measures of internal dissimilarity is consistent with a 
scenario in which TH is taking place (Figure 1.1).  This trend was apparent whether the Sorensen Index 
or the Morisita-Horn Index was used as a basis of pairwise comparisons.  However, although herbaceous 
emergent wetlands appeared to have homogenized, a significant effect of sampling year on mean βinternal 
was not detected (F3,51=1.63, p = 0.19 when using the Sorensen Index, F3,51=0.74, p = 0.54 when using 
the Morisita-Horn Index). 
Herbaceous Emergent Wetlands: Regional dissimilarity 
Trends in increasing regional similarity (i.e. between wetland sites) were discernable in NMDS 
plots for herbaceous emergent wetlands (Figure 1.2, c and d).  While this pattern was present whether 
abundance data or occurrence data was used to calculate site-to-site similarities, NMDS plots generated 
using the Morisita-Horn Index display a much more apparent pattern of convergence (Fig. 1.2, d).  In 
these wetlands, individual communities moved toward a core of highly similar sites, which were 
characterized by high abundances of Phalaris arundinacea L. (P. arundinacea) and low species richness.  
Patterns of increasing regional similarity were especially noticeable when movement in 
multidimensional space was expressed as a vector representing overall movement between the first and 
last sampling periods (Fig. 1.2, e and f).   
Although many sites converged towards the P. arundinacea dominated state, a few did not.  A 
few sites on the periphery displayed no pattern of convergence (Fig. 1.2, d).  Also, a subset of sites was 
distinguishable when inspecting plots of NMDS axes 2 and 3 (Figure 1.3, a).  These sites were dominated 
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by Phragmites australis (Cav.) Trin. ex Steud.  One site moved from the P. arundinacea dominated core 
toward a small cluster of sites dominated by Phragmites australis (Fig. 1.3, b).  Inspecting the 
composition of this site revealed that it experienced a decline in P. arundinacea abundance and a 
simultaneous increase in the abundance of Phragmites australis.   
The observed patterns of TH in the NMDS plots are reflected in the boxplots representing the 
degree of community differentiation.  It is evident that βSOR increased slightly between sampling period 1 
and sampling period 2, then consistently decreased between remaining sampling periods (Fig. 1.3, a).  
This represents a mean (± s.e.) change in dissimilarity values from 0.895 ± 0.005 to 0.883 ± 0.006, and a 
slight but significant effect of sampling period on βSOR was detected (F3,141=4.43, p from randomization 
=0.0034).  In comparison to this slight effect of year on βSOR, βMH decreases consistently across all 
sampling periods (Fig. 1.2, b).  Compared to βSOR, mean measures of βMH displayed a greater degree of 
similarity within any sampling period as well as a greater net change from 0.87 ± 0.01 to 0.83 ± 0.02.  
The effect of time on βMH was highly significant (F3,141=12.14, p from randomization < 0.0002).  This 
pattern of decreasing pairwise dissimilarity values was consistent with patterns of homogenization 
observed in the NMDS plots (Fig. 1.3, c and d). 
Herbaceous Emergent Wetlands: Winners and Losers 
Twenty-four species were selected as potential winners or losers (Table 1.1).  In herbaceous 
emergent wetlands, P. arundinacea displayed the largest change in total occurrence in wetland sites, 
increasing by 10 sites between the first and last sampling period, and consistently increasing in 
occurrence between sampling years (Table 1.1).  Leersia oryzoides (L.) Sw. (L. oryzoides) had the second 
largest change in occurrence, decreasing by 9 sites between the first and last sampling period, and 
consistently decreasing in occurrence across sampling years (Table 1.1).  Of the 24 species inspected for 
trends in occurrence, 12 species displayed consistently declining occurrence, and 3 species, including P. 
arundinacea, displayed consistently increasing occurrence (Table 1.1).  The remaining 9 species with an 
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absolute change in occurrence of 4 sites or more sites did not display a consistent pattern of change 
(Table 1.1).   
Seven species were identified as potential winners and losers based on overall changes in 
abundance (Table 1.2).  Like the analysis based on changes in occurrence, P. arundinacea and L. 
oryzoides experienced the largest and second largest changes in abundance between the first and last 
sampling period (Table 1.2).  P. arundinacea increased in average relative abundance by 7%, and L. 
oryzoides decreased in average relative abundance by 6% (Table 1.2).  In contrast, the mean change in 
average relative abundance between the first and last sampling period for all species was negligibly 
small (a decrease of 0.15% ± 0.03).  Change in the average relative abundance of both P. arundinacea 
and L. oryzoides were fairly consistent (Table 1.2).   
Floodplain forests: Internal dissimilarity 
In floodplain forest herbaceous layers, I observed a consistently decreasing trend in the average 
value of βinternal over the four sampling periods when using the Morisita-Horn Index (Figure 1.4).  When 
using the Sorensen Index, floodplain forest herbaceous layers did not display a pattern of decreasing 
similarity.  A significant effect of sampling year on mean βinternal was not detected in the herbaceous layer 
of floodplain forests (F3,30= 1.03, p=0.39 when using the Sorensen Index; F3,30= 0.72, p=0.55 when using 
the Morisita-Horn Index).   
In the canopy layer of floodplain forests, the average values of βinternal did not show a trend of 
decreasing similarity over time.  Rather, when using the Sorensen Index, βinternal increases in the first 
three years of sampling, then decreases in the fourth (Figure 1.5, a).  This does represent a significant 
effect of time on βinternal (F3,30= 3.98, p=0.02), however this pattern does not meet the definition of 
taxonomic homogenization.  When using the Morisita-Horn Index, βinternal generally increases across 4 
years of sampling (Fig. 1.5, b), but this does not represent a significant effect of time on βinternal (F3,30= 
0.468, p=0.71).   
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Floodplain forests: Regional dissimilarity 
No significant effect of time on βSOR was detected in floodplain forest herbaceous layers 
(F3,30=2.55, p from randomizations =0.08).  NMDS plots indicate that some floodplain forest sites may 
have homogenized when similarity was based on the Morisita-Horn Index (Figure 1.6, d and f).  
However, neither βSOR nor βMH showed consistent patterns of change (Fig. 1.6, a and b), though the 
effect of time on βMH was significant (F3,30=7.28, p from randomization =0.001).     
No discernable pattern of homogenization was identified in the NMDS of the canopy layer of 
floodplain forests.  Mean βSOR declined between periods 2 and 4 (Figure 1.7, a), though changes in βSOR 
were not significant (F3,30= 0.15, p from randomizations =0.93).  On the other hand, values of mean βMH 
consistently and significantly declined through time (Fig. 1.7, b, F3,30=7.28, p=0.0008, p from 
randomizations =0.001).   
Canopy Layer: Winners and losers 
In the canopy layer of floodplain forests, which displayed a pattern of homogenization based on 
species abundance, the average change in average relative importance value between the first and last 
sampling period was an increase of 0.001% ± 0.1.  One species, Celtis occidentalis L. (C. occidentalis), 
which had a difference in average relative IV of 4% between the first and last sampling period was 
identified as a winning species (Table 1.3).  Additionally, one species was identified as a loser, Ulmus 
americana L. (U. americana), which declined in average relative IV by 2% between the first and last 
sampling periods (Table 1.3).  Both C. occidentalis and U. americana displayed consistent patterns of 
change in IV (Table 1.3).  While not identified as losers based on the criteria outlined in the methods 
section, average relative IV of other common species such as Acer saccharinum L., and Juglans nigra L. 
also declined.  Some uncommon or unique species, such as Liquidambar styraciflua L., Cercis canadensis 
L. and Betula nigra L. also showed consistent declining patterns of IV.  Epiphytic species, such as 
Toxicodendron radicans (L.) Kuntze, Vitis riparia Michx. and Vitis cinerea (Engelm.) Engelm. ex Millard 
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consistently increased in IV.  Average relative IVs across sampling periods for all of these species can be 
found in Appendix C.  
Discussion 
Increasing taxonomic similarity in herbaceous emergent wetlands 
Taxonomic similarity significantly increased among herbaceous emergent wetlands in Illinois.  
This trend appears to be driven primarily by the spread and increasing dominance of P. arundinacea, 
which nearly doubled its occurrence in study sites between 1997 and 2015.  The spread of this invader in 
the Midwestern US and its association with degradation and declining species richness has been 
previously documented (Spyreas et al. 2010, Rojas and Zedler 2015).  P. arundinacea has been called a 
model invader (Maurer and Zedler 2002), with characteristics that allow it to take advantage of 
opportunity-opportunist matchups created by common wetland disturbances (Zedler and Kercher 
2004).  Wetlands that are prone to nutrient enrichment, which are common in heavily agricultural 
regions like Illinois (Fennessy and Craft 2011), are especially at risk of severe P. arundinacea invasion 
(Kercher et al. 2004, Mahaney et al. 2004, Kercher et al. 2007).  That P. arundinacea is spreading in 
wetlands throughout the state is therefore unsurprising.  However, while the great potential of P. 
arundinacea to act as an agent of homogenization has been suggested (Spyreas et al. 2010), the 
dynamics and consequences of invasion by this species explicitly as a driver of TH in naturally occurring 
wetlands has been little explored and rarely quantified (though see Aronson and Galatowitsch (2008) 
and Matthews and Spyreas (2008) for the role of P. arundinacea in homogenizing restored wetlands).  
My study sheds some light on this role by quantifying and documenting the impacts of invasion by P. 
arundinacea on β-diversity in herbaceous emergent wetlands.   
Among species that were identified as potential winners and losers at herbaceous emergent 
wetlands sites, P. arundinacea exhibited the strongest, most consistent increases in abundance and 
occurrence across years of sampling.  Of the other species selected for examination of patterns in 
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occurrence, consistently declining occurrence was a more common trend than consistent increases.  
This pattern is consistent with the basic definition of biotic homogenization; a small number of 
individual species increased in occurrence while many species declined.  Sixty-four percent of sites had 
Phalaris arundinacea present in at least one year of sampling, and 76% of the declines in species 
occurrence took place these sites.  Understanding the balance between invasions and extirpations is 
essential for answering questions of how diversity is generally changing at the regional level (Sax and 
Gains 2003).  In the case of herbaceous emergent wetlands, that one species is becoming widespread 
and abundant while numerous other species are becoming extirpated suggests that regional diversity 
has generally eroded.   
The species with the second most variable occurrence, L. oryzoides, experienced the greatest 
declines in occurrence at wetland sites.  In 66% of sites where L. oryzoides was extirpated, P. 
arundinacea was either present or has become established.  P. arundinacea can displace or extirpate 
functionally similar native graminoids (Barnes 1999), which, though often dominant where they occur, 
have been found to harbor greater species richness than stands of P. arundinacea (Kercher et al. 2004).  
A study of passively restored riparian areas following dam removal found that L. oryzoides was only 
abundant in sites where P. arundinacea was not dominant (Orr and Stanley 2006).  My study extends 
this finding by providing some support for a temporal process by which L. oryzoides may be driven to 
local extinction and replaced by P. arundinacea. 
The magnitude and direction of changes in pairwise values of dissimilarity are dictated by the 
details of invasion and extinction scenarios.  Although the replacement of L. oryzoides by P. arundinacea 
is the most apparent compositional change in these wetlands, this alone would not necessarily result in 
TH.  However, these herbaceous emergent wetlands display a pattern of one winning species amongst 
several losers.  Only in the case of L. oryzoides are losing species shared between a substantial number 
of sites.  With the exception of the four most common species (L. oryzoides, P. arundinacea, Lemna 
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minor L., and Boehmeria cylindrica (L.) Sw.), all species occurred in less than one quarter of all sites.  
Most losing species were therefore initially shared amongst few sites.  Subsequently, pairs of sites often 
shared a common invader species but lost a species unique to one site.  In models created by Olden and 
Poff (2003) that describe changes in pairwise dissimilarity values based on extinction and invasion 
scenarios, this would lead to a strong pattern of homogenization amongst these sites.  Yet, it is 
important to note that while these models accurately describe the dynamics of β-diversity based on 
pairwise comparisons, they do not describe the dynamics of β-diversity between multiple pairs of 
communities which may be experiencing all possible invasion and extinction scenarios simultaneously, 
as is the case with the wetlands analyzed in this study.  When taking all pairwise comparisons into 
account, it is difficult to attribute the pattern of change in β-diversity to particular invasion/extinction 
scenarios.  There are multiple scenarios in which extinctions can lead to either increasing or decreasing 
numbers of shared and nonshared species (Olden and Poff 2003).  On the other hand, the association of 
one species to sites that are strongly and exclusively homogenizing makes for a straight-forward 
interpretation of the mechanisms of TH in herbaceous emergent wetlands; the increasing distribution of 
P. arundinacea, perhaps in conjunction with species loss, is homogenizing herbaceous emergent 
wetland communities in a measurable way.  
Taxonomic similarity increased in floodplain forest canopies 
Values of βMH for the canopy layer displayed a discernable and significant pattern of 
homogenization.  This observed pattern of homogenization appears to be due to the simultaneously 
increasing IV of C. occidentalis and the declining IV of many other species.  Declines in species that are 
entirely unique or shared between few sites contribute strongly to observed homogenization when 
similarity is based on occurrence (Olden and Poff 2003), as is the case with such as Betula nigra, 
Liquidambar styraciflua, and Cercis canadensis.  It is likely that such changes in community composition 
contribute strongly to TH when homogenization is based on abundances, though models have not been 
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developed to confirm this.  C. occidentalis is a common floodplain forest species that is highly 
reproductively successful in a range of environments that are heavily impacted by human activities 
(White et al. 2014).  As U. americana has declined due to Dutch elm disease, the ascendance of C. 
occidentalis into a dominant position in the canopy of floodplain forests has been predicted (Dollar et al. 
1992).  My study is consistent with others that have provided evidence that this process has been taking 
place (Hale et al. 2008), and has resulted in decreased β-diversity between sites (Johnson and Waller 
2013).  Johnson and Waller (2013) also attribute homogenization due to the loss of early successional 
colonist species to hydrological changes associated with dam regulated rivers.  Further investigations 
into the role of hydrology as a driver of taxonomic homogenization could result in practicable 
management techniques for the protection of β-diversity in floodplain forest canopies.   
No discernable pattern of homogenization or differentiation in the herbaceous layer or canopy 
layer of floodplain forests was detected using the Sorensen Index.  Year to year differences in βMH were 
significant for the herbaceous layer of floodplain forests, however, consistently declining values in this 
metric were not observed.  In contrast, Johnson et al. (2014) found that floodplain forest understories in 
Wisconsin had homogenized considerably since the 1950s, driven primarily by increases in native 
species distributions among sites.  Since BH is a temporal process, it should be expected that a study 
investigating changes in β-diversity over 50 years may show an effect of homogenization while a study 
that only covers 15 years may not.  Regional differences between Illinois and Wisconsin may account for 
this difference as well; Johnson et al. (2014) attributed the homogenization of understories to increased 
connectivity between floodplain forests, which may not have occurred in Illinois.  It is also conceivable 
that the herbaceous layer of floodplain forests in Illinois underwent TH more than 15 years ago, and 
present composition represents the culmination of the homogenization process.  In either case, 
consistently decreasing homogenization over this time period would not be observed.   
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Internal taxonomic homogenization was not significant 
My analysis provides weak support for site-level, internal-homogenization in wetlands in Illinois.  
Neither herbaceous emergent nor forested wetlands demonstrated a significant effect of time on 
βinternal.  It is worth noting, however, that the decreasing trends in mean values of internal similarity in 
herbaceous emergent wetlands (using both the Sorensen and Morisita-Horn Indices) and floodplain 
forest herbaceous layers (using the Morisita-Horn Index only), while not significant, are consistent with 
what would be expected if wetland sites were undergoing taxonomic homogenization.   
Benefits of using abundance and occurrence data 
Basing measures of similarity on occurrence data or abundance data can direct researchers to 
different interpretations of patterns of TH (McKinney and La Sorte 2007, Cassey et al. 2008), so it is 
important to consider both kinds of data, if they are available.  In herbaceous emergent wetlands, the 
directions of change in βSOR and βMH were the same.  However, patterns of homogenization were more 
apparent when using abundance-based rather than occurrence-based data.  This is informative because 
stronger patterns of homogenization based on species abundance occur when the number of shared 
species between sites does not change drastically, but the abundances of species do (McKinney and La 
Sorte 2007, Cassey et al. 2008).   
With this in mind, researchers can reconcile patterns of TH observed through data analysis with 
what is commonly experienced in the field.  While the spread of P. arundinacea has drawn wetland 
communities into a closer degree of similarity, uneven extirpations of local species can affect the 
number of shared and unshared species in a variety of ways (Olden and Poff 2003).  These dynamics 
may result in quantified differentiation, or lead to the interpretation that taxonomic homogenization 
has been modest.  This, however, would run contrary to “perceived homogenization” that is based on 
casual observations of compositional change in invaded communities (McKinney and La Sorte 2007).  
One of the most striking features of P. arundinacea is that it readily forms dense monotypes that are 
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resistant to change (Zedler 2009) and difficult or impossible to eradicate (Healy and Zedler 2010).  An 
analysis of taxonomic homogenization based on abundance data, which reflects the effects of these 
monotypes on β-diversity, therefore helps avoid a dangerous underestimation of TH (McKinney and La 
Sorte 2007).   
Assessing taxonomic homogenization in this manner is important because the most abundant 
species may play dominant roles in structuring ecosystem processes (Hillebrand et al. 2008), and the 
formation of monotypic stands of invasive species may reduce the ecological goods and services 
rendered by herbaceous emergent wetlands (Hooper et al. 2005, Jessop et al. 2015).  Additionally, that 
one extremely abundant species has become dominant and simplified species assemblages in several 
wetlands implies that functional homogenization has taken place in addition to TH (McKinney and La 
Sorte 2007).  This is especially true when considering that many of the losing species identified in 
herbaceous emergent wetlands, aside from L. oryzoides, are forbs.  Taking both the abundance- and 
occurrence-based analyses into consideration, a scenario emerges in which both increases in regional 
occurrence and local abundance of P. arundinacea are homogenizing herbaceous emergent wetlands in 
a significant manner.   
Problems with quantifying taxonomic homogenization in sites undergoing invasion 
The taxonomic homogenization of herbaceous emergent wetlands in Illinois represents a 
situation in which some sites were homogenizing in the presence of an aggressive invader, while other 
sites were not.  At 15 sites, P. arundinacea was not present in any years of sampling and these sites did 
not experience the same kinds of compositional changes as their invaded counterparts.  These 
uninvaded sites were either compositionally stable, changed in unique ways, or converged towards 
different ecological states.  Wetlands in Illinois therefore represents a scenario in which a subset of sites 
is strongly homogenizing while the remainder are becoming more dissimilar from the typical degraded 
compositional state of wetlands within the region.  This is reflected in an increasingly bimodal 
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distribution in βMH as seen in Fig. 1.2, d.  The results of the NMDS bear this out, displaying many sites 
converging strongly toward a single state (P. arundinacdea dominance), while at the same time 
becoming more distant (dissimilar) from those sites on the periphery of the plot.  Because 
quantifications of homogenization based on pairwise similarities lack independence (Diserud and 
Odegaard 2007), these dynamics in similarity values may be unavoidable when quantifying 
homogenization across a region where invasion is incomplete.  Nevertheless, problems may arise if 
studies approach regional homogenization in the most general way.  In reality, homogenization is 
probably a more nuanced process in which subsets of ecological communities converge towards various 
homogenous states as they follow different trajectories of degradation.  The NMDS of herbaceous 
emergent sites indicates that this is happening (Fig. 1.3); a single site moved away from the P. 
arundinacea dominated sites toward two others that were dominated by Phragmites australis.  It is 
conceivable that similar processes could produce no change in the mean value of compositional 
similarity across a region while at the same time resulting in severe homogenization within subsets.  In 
this manner, researchers who study biotic homogenization should be careful to define their research 
questions, but should not shy away from embracing a more nuanced view of the homogenization 
process.  Concepts such as alternative stable states, basins of attraction, and trajectories of degradation 
(Suding et al. 2004, Suding and Hobbs 2009) could be incorporated into studies of homogenization to 
present a more accurate view of how β-diversity is changing.  Such concepts could help elucidate the 
dynamics of similarity metrics based on pairwise similarities in sites at intermediate phases of the 
homogenization process.   
Limitations 
This study and its findings should be viewed in light of certain limitations.  For one, the small 
sample size of the floodplain forest dataset limits the statistical and interpretive power of the analysis of 
these communities.  Also, climatic conditions over years of sampling, which represent all years from 
22 
 
1997 to 2015, were variable and included years of flooding and drought.  It is possible that the observed 
changes in β-diversity were driven by species reactions to variable climatic conditions.  As the 
compositional structure of wetlands is highly dependent on hydrology, yearly differences in water depth 
can cause differences in community composition including richness (Nygaard and Ejrnaes 2009, Moore 
et al. 2011), which can in turn affect dissimilarity values (Olden and Poff 2003).  Additionally, in years of 
flooding, sampling transects in herbaceous emergent wetlands may have been truncated due to deep 
water and the remaining lengths repeated from the baseline.  This would cause repeated sampling of 
similar hydrological zones within a wetland, increasing the likelihood of sampling similar species and 
resulting in a false signal of homogenization.  However, a linear regression between mean site richness 
per year versus the average daily precipitation within each sampling year from March 1 to September 30 
using data from the Illinois State Water Survey Water and Atmospheric Resources Monitoring Program 
(2016) revealed no effect of precipitation on species richness in these sites (R2=0.00007, F1,14=0.001, 
p=0.97; precipitation aggregated from all available stations that recorded data from 1997 to 2015).  
Furthermore, the use of sampling periods rather than sampling years should have mitigated the effects 
of unusually wet or dry years to some degree by incorporating their effects into a five-year period.  
Additionally, it should be expected that patterns of similarity should follow climatic trends, yet this was 
not observed.  Rather, in sites that were homogenizing, consistently increasing similarity across years of 
variable climatic conditions were observed.  A highly plastic morphology which allows P. arundinacea to 
thrive in a variety of hydrological conditions, including drought (Galatowitsch et al. 1999, Herr-Turoff 
and Zedler 2007), may have allowed for the increasing dominance and spread of P. arundinacea across 
years of variable hydrologic conditions, ultimately outcompeting species with a narrow range of 
hydrological tolerances.   
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Conclusions 
 I conclude that wetlands in Illinois have undergone taxonomic homogenization.  This study 
documents a process that has been long suspected to be affecting wetlands; taxonomic homogenization 
by P. arundinacea.  To avoid an incomplete picture of taxonomic homogenization requires the use of 
similarity metrics based both on occurrence and abundance data.  Recognizing how a particular 
community is homogenizing and identifying the winners and loser in homogenization scenarios can be 
an important component of generating and implementing management decisions to protect β-diversity.  
Incorporating concepts such as alternate stable states and basins of attraction (Suding et al. 2004, 
Suding and Hobbs 2009) may help direct studies and clarify the patterns and process biotic 
homogenization by providing an avenue to explore scenarios in which subsets of sites may be 
homogenizing independently.  Beneficial next steps for researching taxonomic homogenization include 
the development of models that accurately describe the process of regional homogenization in response 
to an invasion front as well as those that take multiple invasion/extinction scenarios into account 
simultaneously.  
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FIGURES AND TABLES 
 
 
Figure 1.1.  Boxplots representing the degree of community differentiation based on plot-to-plot 
dissimilarities within each wetland site (βinternal) across sampling periods for herbaceous emergent 
wetlands.  Black triangles represent mean βinternal within a sampling period.  Black bars represent median 
values of βinternal. Gray points represent values of βinternal for each site. 
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Figure 1.2. Regional β-diversity for herbaceous emergent wetlands.  Figures on left represent analyses 
carried out using the Sorensen Index.  Figures on the right represent analyses carried out with Morisita-
Horn Index.  Figures a and b represent boxplots of the degree of community differentiation.  Figures c 
and d represents NMDS plots showing convergence toward P. arundinacea dominated core at the right 
side of the plot.  Figures e and f are NDMS plots representing the total change in sites between the first 
and last sampling period.   
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Figure 1.3. a) Plot using NMDS axes 2 and 3 of herbaceous emergent wetlands showing one site moving 
from P. arundinacea dominated core to Phragmites australis dominated state.  b) Placement of species 
in NMDS plot.  Phragmites australis dominated subset is highlighted with ellipse.  Similarity in both 
NMDS plots is based on the Morisita-Horn Index. 
 
Table 1.1: Total occurrence of species per sampling period and overall change in occurrence for 
potential winners and losers in herbaceous emergent wetlands 
Species Period 1 Period 2 Period 3 Period 4 Overall Change Win/Lose 
Phalaris arundinacea 21 26 30 31 10 W 
Leersia oryzoides 23 17 17 14 -9 L 
Persicaria punctatae 10 9 9 4 -6 L 
Lycopus americanus 10 8 5 4 -6 L 
Carex vulpinoidea 7 5 4 1 -6 L 
Rumex crispus 7 4 1 1 -6 L 
Eleocharis ovata 6 4 2 0 -6 L 
Spirodela polyrhiza 2 2 5 7 5 W 
Urtica gracilis 1 5 4 6 5  
Bidens comosa 5 5 3 0 -5 L 
Persicaria vulgaris 5 2 2 0 -5 L 
Carex frankii 5 1 0 0 -5 L 
Calystegia sepium 6 5 7 10 4  
Acer saccharinum 6 6 5 10 4  
Sanicula odorata 1 1 2 5 4 W 
Solidago gigantea 10 10 8 6 -4 L 
Mentha arvensis 8 6 3 4 -4  
Rumex altissimus 8 3 3 4 -4  
Scutellaria lateriflora 5 7 5 1 -4  
Eupatorium serotinum 6 4 2 2 -4 L 
Table 1.1 cont.       
Spartina pectinata 5 4 2 1 -4 L 
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Table 1.1 cont.       
Verbena hastata 4 1 7 0 -4  
Asclepias incarnata 4 2 3 0 -4  
Potentilla norvegica 5 1 1 1 -4  
 
Table 1.2: Percent average relative abundance of species per sampling period and overall change 
in abundance for potential winners and losers in herbaceous emergent wetlands 
Species Period 1 Period 2 Period 3 Period 4 Overall change 
Phalaris arundinacea 22 27 25 29 7 
Leersia oryzoides 8 2 3 1 -6 
Festuca arundinacea 3 2 2 1 -2 
Typha latifolia 3 3 3 4 2 
Phragmites australis 4 4 4 6 1 
 
 
 
 
Figure 1.4.  Boxplots representing the degree of community differentiation based on transect-to-
transect dissimilarities within each wetland site (βinternal) across sampling periods for the herbaceous 
layer of floodplain forests using the Sorensen Index (a) and the Morisita-Horn Index (b).  Black triangles 
represent mean βinternal within sampling period.  Black bars represent median values of βinternal. Gray 
points represent values of βinternal for each site.   
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Figure 1.5.  Boxplots representing the degree of community differentiation based on trasect-to-transect 
dissimilarities within each wetland site (βinternal) across sampling periods for the canopy layer of 
floodplain forests using the Sorensen Index (a) and the Morisita-Horn Index (b).  Black triangles 
represent mean βinternal within sampling period.  Black bars represent median values of βinternal. Gray 
points represent values of βinternal for each site. 
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Figure 1.6. Regional β-diversity for herbaceous layer of floodplain forests.  Figures on left represent 
analyses carried out using the Sorensen Index.  Figures on the right represent analyses carried out with 
Morisita-Horn Index.  Figures a and b represent boxplots of the degree of community differentiation.  
Figures c and d are NMDS plots showing changes in similarity between all years of sampling.  Figures e 
and f are NDMS plots representing the total change in site similarity between the first and last sampling 
period. 
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Figure 1.7. Regional β-diversity for canopy layer of floodplain forests.  Figures on left represent analyses 
carried out using the Sorensen Index.  Figures on the right represent analyses carried out with Morisita-
Horn Index.  Figures a and b represent boxplots of the degree of community differentiation.  Figures c 
and d are NMDS plots showing changes in similarity between all sampling periods.  Figures e and f are 
NDMS plots representing the total change in site similarity between the first and last sampling period.   
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Table 1.3: Percent average relative importance value of species per sampling period and overall 
change in importance value for potential winners and losers in floodplain forest canopies 
 Period 1 Period 2 Period 3 Period 4 Overall change  
Celtis occidentalis 9.26 11.17 11.30 13.66 4.40 
Ulmus americana 14.20 12.52 12.49 11.79 -2.41 
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CHAPTER 2: WETLAND COMPENSATION AND ITS ROLE IN BIOTIC HOMOGENIZATION 
Introduction 
Biotic homogenization (BH) is a process that diminishes β-diversity by bringing ecological 
communities into a close degree of compositional similarity through extinctions, invasions, and 
compositional changes (McKinney and Lockwood 1999, Olden and Poff 2003).  While this process can 
occur naturally, it has been amplified by human activities and represents a major threat to biodiversity 
(McKinney and Lockwood 1999, Olden and Poff 2003).   
In comparison to other ecological communities, wetlands may be particularly susceptible to BH.  
This is due to several reasons.  Wetland plant assemblages are composed of a limited number of 
specialized species that possess traits, such as clonal reproduction and highly effective dispersal (Les 
1988, Barrett et al. 1993), that make wetlands naturally predisposed to homogeneity at different spatial 
scales (Santamaria 2002, Qian and Guo 2010).  Additionally, wetlands are prone to exploitation and 
degradation (Zedler and Kercher 2005), and their position as landscape sinks makes them susceptible to 
disturbance and invasion (Zedler and Kercher 2004).  Wetlands can undergo biotic homogenization 
rapidly and across broad regions, as evidenced by significant homogenization that has occurred across 
the state of Illinois in a period of just 15 years (see Chapter 1).  However, even if degraded and 
homogenized wetlands provide numerous valuable ecosystem services, and efforts have been made to 
protect and restore wetlands to ensure that these services continue to be provided, biotic 
homogenization threatens these services by resulting in ubiquitous homogenous communities with a 
narrow range of traits and functions, simplified foodwebs, and diminished resistance and resilience to 
disturbance events (Olden 2004).  It is therefore important to consider how the protection and 
restoration of wetlands as it is currently being undertaken affects β-diversity.   
A policy of “no net loss of functions and values” has guided regulatory agencies in overseeing 
the replacement of the functional and ecological resources of wetlands damaged or destroyed for 
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development (Corps and EPA 1990).  In recent decades, attempts to mitigate anthropogenic impacts on 
wetlands have been attempted through compensation practices, such as wetland restoration or creation 
(Hough and Robertson 2009).  But while regulatory agencies attempt to oversee compensation in a 
manner that preserves habitat and landscape diversity (Corps 2008), it remains unclear what impact 
compensatory wetland mitigation has on β-diversity.   
There is, however, cause to speculate that anthropogenic impacts and subsequent 
compensation can erode β-diversity in two ways: 1) by producing internally homogenous communities 
and, 2) by producing compositionally similar communities across large distances.  Because all classes of 
human activities that drive BH (i.e. those that promote the transportation of exotic species, those that 
extirpate local species and those that modify environmental conditions) (Rahel 2002) are involved in 
compensation, the loss of both internal and regional β-diversity can be expected.   
Some evidence indicates that BH may be occurring due to compensation practices.  For instance, 
wetlands restored with passive management techniques have, in some cases, become dominated by 
guilds of highly dispersible exotic species, resulting in an intractable species-poor state (Mulhouse and 
Galatowitsch 2003).  This is due, in part, to depauperate remnant seedbanks (Wetzel et al. 2001, 
Middleton 2003), as well as isolation from desirable seed sources differences in colonization efficiencies 
among potential colonizers (Aronson and Galatowitsch 2008).  Once established, priority effects and 
competition lead to an invasive-dominated, highly simplified community that draws distinct 
communities into a closer degree of compositional similarity (Mulhouse and Galatowitsch 2003).  
Restoration activities employing active management also have the potential to result in homogenization.  
As active management or wetland creation often requires a substantial degree of environmental 
modification, BH may occur in restored wetlands due to convergent abiotic conditions (Brooks et al. 
2005).  For example, the management of hydrology in wetlands for the maintenance of standardized 
inundation periods required by regulatory agencies, has led to the creation of compensatory mitigation 
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wetlands that are typically wetter than natural wetlands (National Research Council 2001, Brooks et al. 
2005, Gamble and Mitsch 2009).  The resultant loss of hydrological variability can lead to static, 
homogeneous communities (Campbell et al. 2002, Brooks et al. 2005).  Additionally, soil modification, 
simplified wetland geometry, and disparate landscape contexts between mitigation wetlands and 
natural wetlands have resulted in intransigent differences between the two, reflecting the often 
intensive process of wetland construction practices (Campbell et al. 2002, Brooks et al. 2005).  Invasive 
species may become established or entrenched through disturbances associated with construction 
(National Research Council 2001) and even invasive species removal (D'Antonio and Meyerson 2002), 
increasing the potential for BH to occur both regionally and internally (Brooks et al. 2005).  All of these 
impacts associated with compensation can produce wetlands that more closely resemble degraded 
communities than the high quality reference systems they were designed to mimic (Campbell et al. 
2002, Brooks et al. 2005, Matthews and Spyreas 2010).  Replacing diverse naturally occurring wetlands 
with compensation wetlands therefore has the potential to homogenize the landscape (Campbell et al. 
2002, Brooks et al. 2005, Matthews and Spyreas 2010). 
In addition to an increased potential of BH due to restoration activities, restored ecosystems are 
inherently the products of a human decision making process, which may reflect a certain suite of 
societal values (Hobbs 2007), as well as the constraints placed on the implementation of mitigation 
plans (Miller and Hobbs 2007).  Homogeneous, species poor systems have resulted from restoration 
activities that focus explicitly on wetland function (National Research Council 2001).  Likewise, regional 
BH has resulted from targeting restoration activities on certain populations within an ecological 
community while ignoring those that contribute the most to β-diversity (Viers et al. 2012).  Economic 
constraints and standardized practices, such as supplementing or replacing naturally occurring plants 
with genetically similar stocks, constrain trajectories of community development and may exacerbate 
BH at all spatial and temporal scales (Olden et al. 2004, Matthews and Spyreas 2010).  Ensuring that 
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regional distinctiveness is maintained and that restoration goals are not so narrow as to exacerbate BH 
is critically important for protecting the overall diversity of a landscape, yet restoration practitioners 
often overlook this in their plans (Matthews and Spyreas 2010, Rooney and Bayley 2011, Viers et al. 
2012) 
While the replacement of high-quality wetlands with compensation wetlands may contribute to 
BH, it has not been explicitly investigated whether compensation wetlands represent a more 
homogenous set of communities than natural wetlands.  Answering this question is important for 
assessing whether compensation wetlands are, by themselves, a factor that contributes to BH.  
Additionally, to my knowledge, no studies have directly tested for differences in β-diversity between 
natural and compensation wetlands using both abundance and occurrence data, or investigated 
differences in the structure of β-diversity (i.e. how β-diversity is related to environmental gradients) 
between compensation and natural wetlands at both the regional and local scale.  Understanding of the 
role of wetland compensation as it pertains to the process of biotic homogenization is an important, yet 
overlooked, component of assessing the efficacy of the guiding principle of “no net loss” of value and 
function.  Through this study, I investigated how internal and regional β-diversity differs between 
naturally occurring wetlands and compensation wetlands.  Specifically, I address the following 
questions: 1a) Are there differences in internal β-diversity between natural and compensation 
wetlands? 1b) Are there differences in the spatial structure of internal β-diversity between natural and 
compensation wetlands 2a) Are there differences in regional β-diversity between natural and 
compensation wetlands?  2b) Are there differences in the spatial structure of regional β-diversity 
between natural and compensation wetlands?  This study will also investigate whether there are 
compositional differences in naturally occurring wetlands and compensation wetlands, and whether 
these compositional differences account for differences in internal and regional β-diversity and its 
spatial structure   
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Methods 
Study area: Illinois 
The extent of this research covered the entire state of Illinois, which has experienced the loss of 
85% of the historical extent of its wetlands, primarily due to agricultural drainage (Dahl 1990, Fennessy 
and Craft 2011).  Of the wetlands that remain, the two most common types in Illinois are bottomland 
floodplain forests and herbaceous emergent wetlands (Illinois Department of Natural Resources 2015).  
Although no statewide system of tracking wetland losses or gains through compensation practices 
currently exists, impacts to wetlands in Illinois are ongoing and compensation for these impacts is 
overseen by several state and federal agencies (Association of State Wetland Managers 2015).   
CTAP dataset 
The Critical Trends Assessment Program (CTAP) is a long-term ecological monitoring program in 
Illinois.  A description of this program can be found in Chapter 1.  A dataset comprised of 107 
herbaceous emergent wetlands and 33 floodplain forests monitored for CTAP was used in this analysis.  
These wetlands are randomly distributed throughout Illinois and have been repeatedly sampled.  Data 
for this study included only the most recent year of monitoring that was amenable to analysis.   
Dataset of mitigation wetlands 
Field data collected from 38 compensation wetlands in 2014 and 2015 comprised the dataset of 
compensation wetlands.  These wetlands were installed and managed by the Illinois Department of 
Transportation (IDOT) as compensation for impacts to natural wetlands due to road construction and 
ranged between 5 and 20 years since initial compensation efforts were undertaken.  All wetlands are no 
longer monitored for compliance with Army Corps of Engineer performance standards.  These sites were 
distributed throughout the state in a non-clustered manner and include 12 floodplain forests and 26 
herbaceous emergent wetlands.   
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Sampling protocols 
Sampling procedures for both the compensation and naturally occurring wetlands were based 
on the protocols outlined by the CTAP monitoring program.  These sampling protocols are described by 
Carroll et al. (2002).  Except where noted, all sampling procedures were identical between the two 
datasets.   
Sampling of herbaceous emergent wetlands 
A 50-m baseline was extended along the edge of the site.  A 41-m transect was laid out 
perpendicularly from a randomly selected point along the baseline into the wetland roughly following 
the hydrological gradient of the site.  Woody vegetation less than 1 m tall and all herbaceous plants 
were identified to species and assigned cover classes in twenty 0.25-m2 plots laid out every 2 m along 
the transect.  Cover was estimated using protocols by Bailey and Poulton (1968) (cover classes of <1%, 1-
5%, 5-25%, 25%-50%, 50%-75%, 75%-95% and 95%-100%) and midpoints of these cover classes were 
used for data analysis.   
In CTAP wetlands, transects were terminated in open water with less than 30% vegetation 
cover, or when the opposite side of the site was reached.  If a transect was terminated, a secondary 
transect was started from a random point on the baseline extending into the wetland to accommodate 
the remaining plots.  In contrast, compensation wetlands, baselines were laid out to accommodate a full 
41-m transect.  This means that plots near the baseline of some sampled wetlands may have captured 
more upland vegetation, or that transects were offset from parallel (though not perpendicular) to the 
hydrological gradient.  In spite of this difference in sampling, comparing these two datasets is valid as 
the vast majority of plots in compensation sites fell within wetland areas and data taken from transects 
that were offset from parallel still capture compositional turnover across the hydrological gradient. 
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Sampling of floodplain forests 
Floodplain forest sites were monitored with three 50-m x 10-m plots radiating out from a 
randomly placed center point.  The plots were laid out along three 50-m transects beginning 10 m from 
the center point and radiating outward at randomly selected compass bearings avoiding any overlap in 
plots.  Ten 0.25-m2 plots were laid out along each transect every 5 m, alternating between the left and 
right side.  Woody plants less than 1 m tall and all herbaceous plants that were rooted inside the plot 
were identified to species and their ground cover estimated using protocols by Bailey and Poulton 
(1968) (see Sampling of herbaceous emergent wetlands).  Trees greater than 5 cm diameter-at-breast-
height (DBH) were identified to species within 50-m x 4-m subplots centered along each transect and 
DBH was measured for each tree.  These data were used to produce an importance value (IV) for each 
species which was calculated as the sum of the relative density of a species (the number of individuals 
divided by the total number of all individuals counted) plus the relative dominance of a species (the total 
basal area of a species divided by the total basal area of all species).  This measure, which is similar to 
relative abundance, ranges between 0 and 2 for each species within a site, but was scaled from 0 to 1 to 
be consistent with other measures of relative abundance used in this study.    In all datasets, species 
nomenclature follows Mohlenbrock (2014). 
Pairwise comparisons of compositional dissimilarity 
Similar to the methods outlined in Chapter 1, pairwise comparisons of compositional 
dissimilarity were calculated with vegetation data from the CTAP and compensation datasets.  The 
Sorensen Index was used to calculate pairwise compositional similarity for occurrence data, and the 
Morisita-Horn Index was used to calculate pairwise compositional similarity for abundance data, 
including IVs.  The use of pairwise dissimilarities was appropriate for addressing the research questions 
outlined above because, in addition to being commonly used to assess trends in β-diversity, distance 
matrices based on pairwise dissimilarities can be compared with other site specific variables, such as 
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geographic distance or plot position (Anderson et al. 2011).  As outlined in Chapter 1, the Morisita-Horn 
Index is sensitive to the most abundant species, and the Sorensen Index is sensitive to rare species, and 
taken together, they provide a description of β-diversity across a spectrum of species dominance (Jost et 
al. 2011).  Pairwise dissimilarity values were calculated using vegdist in the vegan statistical package in R 
(Oksanen et al. 2015).   
Differences in internal β-diversity between natural and compensation wetlands 
Due to the sampling design used for floodplain forests, not all questions regarding internal β-
diversity could be addressed.  Only herbaceous emergent wetlands were used to address questions 
regarding internal β-diversity.   
To assess whether the degree of internal taxonomic homogeneity differed between natural and 
compensation wetlands, vegetation data for each site were assembled into site-specific plot by species 
matrices.  Pairwise similarities between each plot within a site were calculated for each of these 
matrices.  All pairwise comparisons within each site were averaged to generate the mean degree of 
internal β-diversity (βinternal) for each site.  These site specific βinternal values were used as the basis for 
comparison between natural and restored sites.  T-tests were used to evaluate the null hypothesis that, 
at α=0.05, βinternal does not differ between natural and mitigation wetlands.  These tests were carried out 
using the R statistical program (R Core Team 2015).   
Differences in the structure of internal β-diversity between natural and compensation wetlands 
To test for differences in the spatial structure of β-diversity between natural and compensation 
wetlands, all site-specific distance matrices of plot-to-plot similarity values were aggregated based on 
plot position along the transect for natural and restored wetlands.  This resulted in a distance matrix of 
the mean plot-to-plot similarity values for each wetland type.  A distance matrix of spatial distance 
between plot positions was generated, and Mantel tests were then used to assess the correlation 
between the average pairwise dissimilarity between plots and the spatial distance between plots.  
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Mantel tests were carried out with the vegan package in R (Oksanen et al. 2016).  Heat maps were 
generated using the mean pairwise compositional dissimilarity matrices for restored and natural sites to 
qualitatively assess differences in the structure of β-diversity along the hydrological gradient.  These 
heat maps were generated using hist3D in the plot3D statistical package in R (Soetaert 2016). 
To assess compositional differences along the distance gradient, all species were assigned a 
wetland indicator status (U. S. Army Corps of Engineers 2010).  These indicator statuses describe the 
likelihood that a particular plant species will be found in a wetland (Lichvar et al. 2014).  These statuses 
are arranged from plants almost always occurring in wetlands, to plants almost never occurring in 
wetlands as follows: Obligate (OBL), Facultative Wetland (FACW), Facultative (FAC), Facultative Upland 
(FACU), Upland (UPL) (Lichvar et al. 2014). All species data were aggregated across all sites based on plot 
position for restored and natural wetlands.  The proportion of species with particular wetland indicator 
statuses was calculated based on species abundance per plot position.  Changes in the proportion of 
wetland indicator statuses along the distance gradient was assessed and used to aid in interpreting the 
structure of β-diversity observed with the heat maps.   
Differences in regional β-diversity between natural and compensation wetlands 
To assess whether compensation wetlands constitute a more taxonomically homogenous set 
than natural wetlands, all vegetation data collected at each site were aggregated to represent each 
site’s overall composition.  Two site-by-species matrices were generated using these data, one for 
natural wetlands and one for compensation wetlands.  From these matrices, I calculated values of 
pairwise dissimilarities between sites independently for natural and compensation wetlands.  The 
degree of community differentiation for each site (βsite) was calculated as the average value of pairwise 
dissimilarities for that site compared to all other sites.  The individual values of βsite formed the basis for 
all statistical tests and were calculated using both the Sorensen Index (βsite, SOR) and the Morisita-Horn 
Index (βsite, MH). 
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Randomization procedures (based on the work of Howell (2015)) were used to overcome two 
limitations to the statistical analysis of these data.  First, pairwise dissimilarities lack independence, so 
randomization procedures based on the differences in the mean values of βsite were necessary to test for 
differences in levels of homogeneity between naturally occurring and compensation wetlands.  Second, 
because there were fewer compensation wetlands than naturally occurring wetlands within the study 
area, the geographic distance between compensation sites was on average much larger than it was for 
natural sites.  Β-diversity is often organized along geographic distance gradients (Nekola and White 
1999), so a difference in the number of sites could result in differences in calculated values of βsite.   
Randomization procedures were carried out as follows: A subset of natural sites was drawn at 
random to match the total number of sites from the dataset of compensation wetlands.  These 
randomly sampled sites resulted in a spatial distribution of points that was similar between datasets.  
Pairwise comparisons were first calculated between the sites in this subset, then all sites in the dataset 
of compensation wetlands.  These pairwise comparisons were used to determine the mean values of 
βsite for each wetland type.  The difference between these observed mean values of βsite was calculated.  
Then, all sites that were used to determine the difference between mean values of βsite were randomly 
reassigned identities as natural or compensation.  Pairwise comparisons were first calculated for the 
sites randomly reassigned as natural, then the sites randomly reassigned as compensation wetlands.  
Values of βsite were calculated for these randomized sites, and difference in the mean values of βsite for 
the randomized compensation and randomized natural wetlands were determined.  The difference in 
mean values of βsite between the randomized natural and compensation sites was then compared to the 
observed difference in the mean values of the non-randomized sites.  This process was repeated 4999 
times, starting each time with a new subset of natural sites.  The proportion of the randomized trials 
that resulted in a larger difference in βsite than the observed difference in βsite from non-randomized data 
represents the probability that the difference in the observed means is due to a random effect.  This 
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probability was used to test the null hypothesis that, at α=0.05, the mean value of βsite is not different 
between natural and compensation sites.  This analysis was done separately with herbaceous emergent, 
floodplain forest herbaceous layer, and floodplain forest canopy layer data.     
Differences in the structure of regional β-diversity between natural and compensation wetlands 
To assess whether there are differences in the way that β-diversity is spatially structured in 
natural and compensation wetlands at the regional level, pairwise comparisons based on community 
composition were plotted against site-to-site geographic distance.  All available points were then 
independently regressed for naturally occurring and compensation wetlands using a linear model.  This 
resulted in two lines, called distance decay curves (Nekola and White 1999), which represent the rate of 
compositional turnover due to geographic distance.   
For the reasons outlined above, a randomization procedure based on the difference in the 
slopes of distance decay curves was used to assess differences in the structure of β-diversity across a 
geographical distance gradient between natural and compensation sites.  A subset of natural sites was 
drawn at random to match the total number of compensation sites.  Pairwise dissimilarities between 
these sites were plotted against the geographic distance between sites and regressed, producing a line 
representing compositional turnover in the subset of natural sites.  In a similar manner, pairwise 
dissimilarities for compensation wetlands were regressed against geographic distance.  The difference in 
the distance decay slopes of the natural and compensation wetlands was calculated.  Then, all sites in 
the randomly sampled subset of natural sites and all compensation sites were randomly relabeled as 
“natural” or “compensation” sites.   Pairwise comparisons were made for the randomized natural and 
randomized compensation wetlands, which were regressed against geographic distance.  The difference 
in the slopes of the randomized data was calculated.  This procedure was repeated 4999 times, each 
time with a new subset of natural sites.  The proportion of times the difference in slope in the 
randomized subset exceeded the difference in slope in observed dataset represents the probability that 
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the difference in slopes was due to a random effect.  This value was used to test the null hypothesis 
that, at α=0.05, compositional turnover due to geographic distance was not different between natural 
and compensation sites. This analysis was done separately with herbaceous emergent, floodplain forest 
herbaceous layer, and floodplain forest canopy layer data.     
To aid in the interpretation of differences in β-diversity and the spatial structure of β-diversity 
between naturally occurring and compensation wetlands at the regional level, an analysis of the 
compositional differences between wetland types was carried out.  Richness is an important factor to 
consider when using pairwise dissimilarity values to assess community similarity.  While the Morisita-
Horn Index is robust to differences in species richness, the Sorensen Index is highly sensitive to these 
differences.  To assess the impact of richness on β-diversity, differences in richness between wetland 
types were assessed using t-tests.  Principal coordinates analysis was used to visualize compositional 
overlap between wetland types and to assess overlap in community composition.  Ordination plots were 
generated using the betadisper function in the vegan statistical package in R (Oksanen et al. 2016).  
Indicator species analysis (Dufrene and Legendre 1997) with 999 permutations was used to identify 
characteristic species for each wetland type and was carried out using the indicspecies package in R (De 
Caceres and Legendre 2009).  The traits of species identified as characteristic of a particular wetland 
type provide qualitative information that can point to mechanisms that may contribute to differences in 
β-diversity and composition between sites. 
Results 
Differences in internal β-diversity between natural and compensation wetlands 
The mean value of βinternal in compensation herbaceous emergent wetlands was significantly 
greater than the mean value of βinternal in naturally occurring herbaceous emergent wetlands (Figure 2.1).  
This was true whether analysis was based on presence-absence data or species abundance (t=-3.11, 
df=43.4, p=0.003 when using the Sorensen Index, t=-3.59, df=44.4, p=0.0008 when using the Morisita-
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Horn Index), and indicates greater taxonomic internal differentiation between plots in compensation 
wetlands. 
Difference in the structure of internal β-diversity between natural and compensation wetlands 
Internal β-diversity in both natural wetlands and restored wetlands was correlated to the 
distance between plots (Table 2.1).  Natural wetlands displayed a higher Mantel statistic than 
compensation wetlands. 
Values of plot-to-plot dissimilarity in natural wetlands were found to scale with distance 
between plots; plots that were more distant from each other were more dissimilar than plots that were 
in close proximity (Figure 2.2).  However, values of plot-to-plot dissimilarity in compensation wetlands 
displayed a strong directional pattern (Fig. 2.2, c and d).  Dissimilarity between immediately neighboring 
plots consistently decreased from drier to wetter plots along the transect (Fig. 2.2, c and d).  While in 
compensation wetlands dissimilarities between plots at the drier end of the transect reflected greater 
heterogeneity than those of natural wetlands, at the wettest part of the hydrological gradient, plots in 
compensation wetlands were more homogenous than similarly situated plots in naturally occurring 
wetlands (Fig. 2.2).  The differences in β-diversity between distant plots was greater in compensation 
wetlands than it was in natural wetlands (Fig. 2.2).  This pattern was similar whether plot-to-plot 
similarity was based on occurrence or abundance data.   
Internal compositional differences between natural and compensation wetlands 
The proportion of wetland indicator status per plot position remained constant for natural 
wetlands (Figure 2.3, a).  However, compensation wetlands showed a greater proportion of UPL, FACU, 
and FAC species in plots near the highest, driest point on the transect (the baseline) (Fig. 2.3, b).  The 
proportion of UPL, FACU, and FAC species in restored wetlands gradually changed as plots progressed 
along the hydrological gradient towards wetter areas.  By the end of the transect, which represents the 
wettest part of the hydrological gradient, proportions of UPL, FACU, and FAC species in compensation 
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wetlands more closely resembled the proportions of UPL, FACU, and FAC species found in natural 
wetlands.   
Differences in regional β-diversity between natural and compensation wetlands 
In herbaceous emergent wetlands, compensation wetlands were slightly more taxonomically 
homogenous than natural wetlands when pairwise compositional similarity was based on occurrence 
data (Figure 2.4, a).  However, based on randomization tests, the observed difference in βsite was not 
significant (mean βsite, SOR for subset of natural wetlands = 0.82, mean βsite, SOR for compensation wetlands 
= 0.87, p=0.343).  When pairwise compositional similarity was calculated using abundance data, 
compensation wetlands were shown to be more differentiated than natural wetlands (Fig. 2.4, b), 
though, again, based on the randomization tests, the difference was not significant (mean βsite, MH for 
subset of natural wetlands = 0.88, mean βsite, MH for compensation wetlands = 0.86, p=0.42). 
For the herbaceous layer of floodplain forests, however, compensation wetlands were much 
more taxonomically differentiated than natural wetlands.  This was the case whether pairwise 
compositional similarity was based on occurrence data (Fig. 2.4, c) or abundance data (Fig. 2.4, d).  In 
both cases the differences in mean values of βsite were significant (mean βsite, SOR for subset of natural 
floodplain forests = 0.67, mean βsite, SOR for compensation floodplain forests = 0.83, p=0.003 based on 
occurrence, mean βsite, MH for subset of natural floodplain forests = 0.67, mean βsite, MH for compensation 
floodplain forests = 0.83, p=0.005 based on abundance).  
In contrast to the herbaceous layer, the canopy layer of forested compensation wetlands was 
more homogenous than that of natural wetlands when using occurrence data (Fig. 2.4, e).  This, 
however, was not a significant result based on 4999 randomizations (mean βsite, SOR for subset of natural 
floodplain forests = 0.62, mean βsite, SOR for compensation floodplain forests = 0.58, p=0.47).  Differences 
in βsite between the canopy layers of natural and compensation floodplain forests were very slight when 
pairwise comparisons were based on overlapping abundances of shared species.  These differences 
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were not significant (mean βsite, MH for subset of natural floodplain forests = 0.65, mean βsite, MH for 
compensation floodplain forests = 0.66, p=0.62).   
Differences in the structure of regional β-diversity between natural and compensation wetlands 
In nearly all cases, wetlands, whether compensation or naturally occurring, displayed a pattern 
of decreasing site-to-site similarity with increasing geographic distance between sites (distance decay) 
(Figure 2.5, a-e).  The only analysis that did not show a strong pattern of distance decay was that of the 
floodplain forest canopy layers of compensation sites when using the Morisita-Horn Index as a basis of 
comparison (Fig. 2.5, f).  This was the only analysis that did not display a significant relationship between 
geographic distance and pairwise similarity values based on regression.  However, in all cases, the slopes 
of the distance decay curves were not significantly different between natural and compensation 
wetlands.  A full set of results for this analysis can be found in Appendix D.   
Compositional differences between naturally occurring and compensation wetlands 
Mean richness in naturally occurring herbaceous emergent wetlands was 13.3, mean richness in 
compensation herbaceous emergent wetlands was 17.76 (Figure 2.6, a).  No significant difference in 
richness between these wetland types was detected (t = -1.78, df = 34.7, p = 0.08).  Mean richness in the 
herbaceous layer of naturally occurring floodplain forests was greater than that of compensation 
floodplain forests (30.9 to 20.4, respectively) (Fig. 2.6, b).  In this case, richness was significantly 
different between wetland types (t = 2.9, df = 21.0, p = 0.008).  Mean richness in the canopy layer of 
naturally occurring floodplain forests was likewise greater than that compensation floodplain forests 
(11.5 to 6.7, respectively) (Fig. 2.6, c).  Differences between richness in these wetlands types was highly 
significant (t = 5.07, df = 28.42, p = 0.00002). 
Principal coordinates plots revealed that naturally occurring and compensation herbaceous 
emergent wetlands occupied the same region of multivariate space, indicating strong overlap in 
community composition between these wetland types.  This was true regardless of whether the 
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ordination was based on the Sorensen Index (Figure 2.7, a) or the Morisita-Horn Index (Fig. 2.7, d).  
Floodplain forests, on the other hand, showed little to no overlap in the PCoA plots, indicating that 
community composition in these wetlands was distinctive in both the herbaceous (Fig. 2.7, b and d) and 
canopy layers (Fig. 2.7, c and f). 
Indicator species analysis identified 45 species strongly associated with either naturally 
occurring herbaceous emergent wetlands or compensation herbaceous emergent wetlands.  Of these, 
only one species, Boehmeria cylindrica (L.) Sw. was associated with natural wetlands.  The remaining 44 
species were associated with compensation wetlands and included several upland or facultative upland 
species, including Solidago canadensis L., Trifolium hybridum L., Ambrosia artemisiifolia L., Melilotus 
alba (L.) Lam., Daucus carota L., and Lespedeza cuneata (Dum. Cours.) G. Don.  Many of the species 
identified as characteristic of compensation wetlands are early successional species typical of old fields.  
Indicator species analysis identified 18 species associated with floodplain forest herbaceous layers in 
compensation wetlands.  This suite of species is composed almost entirely of species associated with 
open canopy conditions, such as Phalaris arundinacea L., Echinochloa muricata (P. Beauv.) Fernald and 
Rumex crispus L..  On the other hand, the 17 species identified as characteristic of naturally occurring 
floodplain forests are composed entirely of species suited for low light environments and include 
Laportea canadensis (L.) Weddell, Pilea pumila (L.) A. Gray, and Parthenocissus quinquefolia (L.) Planch.  
The canopy layer of compensation wetlands is characterized by six species which represent both 
intentionally planted species, such as Carya illinoinensis (Wangenh.) K. Koch and Quercus bicolor Willd. 
(Matthews and Pociask 2015), as well as wind-dispersed early colonizing species, such as Populus 
deltoides W. Bartram ex Marshall and Salix interior Rowlee.  The canopy layer of naturally occurring 
floodplain forests is characterized by 8 species and includes species such as Ulmus americana L., and 
Celtis occidentalis L., which are common species in late-successional Midwestern floodplain forests.  Full 
lists of species identified via indicator species analysis are available in Appendix E.   
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Discussion 
Understanding how wetland compensation is impacting β-diversity is important for evaluating 
how effective compensation is at fulfilling the expectations inherent to the guiding principle of “no net 
loss” of value and function.  It has been predicted that non-random compensation of wetland losses and 
the inability to replicate the biotic conditions of high quality wetlands may result in greater homogeneity 
(Bedford 1999, Brooks et al. 2005).  However, according to this analysis, compensation wetlands do not 
represent a more homogenous set than natural wetlands, neither internally nor between sites.  At 
certain scales and resolutions, compensation wetlands appear to be more regionally and internally 
differentiated than naturally occurring wetlands.  To assess the impact that wetland compensation may 
be having on biodiversity, however, requires a consideration of differences in the spatial structure of β-
diversity in natural and compensation wetlands.   
Internal differentiation in compensation wetlands, but structural differences are important 
Mean values of βinternal were found to be greater in compensation wetlands compared to 
naturally occurring wetlands, indicating a greater degree of overall dissimilarity among plots along the 
sampling transect.  However, mean values of pairwise comparisons are coarse measures of dissimilarity, 
and drawing conclusions from these measures alone can be misleading.  My analysis points to 
differences in the spatial structure of internal β-diversity between natural and compensation wetlands 
that I believe are important for assessing the efficacy of compensation for wetland losses.   
In the compensation wetlands used for this study, there is a strong directional component to 
both the distribution of wetland tolerant plant species along the sampling transect as well as plot-to-
plot internal β-diversity.  In these wetlands, the proportion of plants tolerant of drier conditions 
declined continuously along the sampling transect.  At the same time, plot-to-plot dissimilarity among 
nearest neighbors continuously declined.  In contrast, the proportion of wetland tolerant plants in 
natural wetlands remained relatively constant along the sampling transect.  In compensation wetlands, 
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the trend of declining plot-to-plot dissimilarity values between nearest neighbors culminated in a 
homogenous zone comprised of wetland-tolerant plants, which were found in similar proportions to 
those found along the entire the transect of natural wetlands.  While the average degree of internal β-
diversity was greater for compensation wetlands than it was for naturally occurring wetlands, plots at 
wet end of the hydrologic gradient were more homogenous than any set of similarly distant plots in 
natural wetlands.   
Previous studies have documented zones of greater homogeneity at the wettest end of 
hydrological gradients in restored and created wetlands compared to natural ones (Seabloom and Van 
der Valk 2003, Zampella and Laidig 2003), and my study adds further support for this difference.  
However, Seabloom and Van der Valk (2003) described greater homogeneity in restored prairie potholes 
at both high and low ends of an elevation gradient compared to natural wetlands, and while my study 
does not directly conflict with their findings, it suggests that in certain circumstances compensation 
wetlands are not uniformly more homogenous than natural ones.  Whether or not wetlands are 
described as more or less internally homogenous may depend on the wetlands being sampled and the 
position along the hydrological gradient that is being assessed.  As spatial structure of vegetation can 
impact ecosystem processes and function (Seabloom and Van der Valk 2003), these differences in 
structure indicate that compensating for wetland losses may not fulfill the guiding principle of “no net 
loss” when it comes to β-diversity.  Evaluating the success of restoration should include evaluations of 
spatial structure (Seabloom and Van der Valk 2003), but determining how these differences in the 
structure of β-diversity square with the principle of “no net loss” will require comparisons to reference 
wetlands of high and low quality.  To date, such a data set that is amenable to this kind of analysis does 
not exist. 
Other differences in the internal structure of naturally occurring and created and restored 
wetlands that have been documented include abrupt transitions between wetland and upland 
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communities (Zampella and Laidig 2003), a tendency for compensation wetlands to harbor greater 
quantities of upland species (Campbell et al. 2002, Meyer et al. 2010), the underdevelopment of 
zonation (Galatowitsch and van der Valk 1996, Seabloom and van der Valk 2003), and different rates of 
succession based on elevation (Meyer et al. 2010).  While my study does not directly test for an abrupt 
transition between wetland and upland communities, it does document a greater rate of upland to 
wetland turnover in compensation wetlands as well as a high degree of differentiation between plots at 
the highest and lowest end of the distance/hydrological gradient.  This pattern would be consistent with 
compensation wetlands that display any or all of these previously documented observations. 
Many mechanisms may have given rise to the differences in the internal structure observed 
between natural and compensation wetlands.  Hydrogeomorphic differences between compensation 
wetlands and naturally occurring wetlands may account for the observed structural differences in 
internal β-diversity.  Created wetlands, which represent a commonly employed compensation strategy 
(Wilkinson and Thompson 2006), often possess a novel geomorphology that is characterized by steep 
embankments (Gwin et al. 1999) intersecting with flat bases that lack the topographic variability found 
in natural wetlands (Stolt et al. 2000).  As zonation in wetlands responds strongly to hydrology and 
topography (Spence 1982, Keddy 2010), this characteristic geomorphology of created wetlands has the 
potential to result in homogenous wetland vegetation at the bottom of wetland basins (Zampella and 
Laidig 2003).  Whether or not wetlands have been constructed or restored without impacts to existing 
topography, attempts to secure hydric soil conditions, which occur when saturated long enough to 
develop anaerobic conditions (NRCS 1998), may increase the likelihood of a wet, homogenous zone.  
Hydrology in mitigation wetlands is often managed for stability, leading to a saturated zone that is 
typically wetter than what is found at natural sites (Cole and Brooks 2000).  This perennially wet zone in 
mitigation wetlands can prevent the colonization of certain species which require draw-downs to 
become established, leading to a species poor, homogenous state in wet areas that rely on passive 
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colonization for revegetation (Seabloom and Van der Valk 2003).  Additionally, the observed structure 
may be an emergent quality of different rates of succession within different hydrological zones (Meyer 
et al. 2010).  Although anthropogenic impacts to natural ecosystems have been associated with the 
decoupling of the spatial structure of biodiversity and environmental gradients (Vellend et al. 2007), 
these impacts, which can increase the overall rate of turnover with respect to distance in compensation 
wetlands, may account for the observed differences in restored and compensation wetlands.   
Differences in sampling design between naturally occurring wetlands and compensation 
wetlands exist and may limit the interpretability these results.  In naturally occurring wetlands, transects 
were truncated when deep water was encountered whereas in compensation wetlands transects were 
placed to accommodate the full 41 m length.  Using only naturally occurring wetlands with 41-m 
transects in all years of sampling may have resulted in the selection of wetlands with gentle slopes that 
do not represent the natural range of variability in hydrologic gradients.  Additionally, accommodating 
full 41-m transects may have shifted the driest plots into areas with greater proportions of upland 
vegetation.  Still, when focusing on differences in the structure of beta diversity at the wettest half of 
the hydrologic gradient (from plots 10 to 20 in Fig. 2.3), one can be confident that all these plots fall 
within wetland areas.  In this region, differences in the spatial structure of β-diversity between naturally 
occurring and compensation wetlands are still apparent, adding validity to the assertion that the internal 
structure of β-diversity is different between natural and compensation wetlands. 
Compensation wetlands are not more homogenous at the regional level 
At the regional level, herbaceous layers of compensation floodplain forests were more 
differentiated from each other than those of naturally occurring floodplain forests.  While there are 
many reasons why this may occur, successional differences between naturally occurring floodplain 
forests and compensation sites may best account for this observation.  The compensation forests in this 
study range from 5 to 20 years since initial restoration efforts were begun.  In forests, the degree of 
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available light in the herbaceous layer is related to successional stage (Fralish 1997).  Since 
compensation efforts often involved the development of a canopy layer where there was none before, 
the light availability in the herbaceous layer should be function of the time since restoration efforts 
were begun.  Indeed, in restored floodplain forests, assemblages of species in the herbaceous layer shift 
as plants intolerant of shady conditions drop out and are replaced by shade tolerant species (McLane et 
al. 2012).  Indicator species analysis of forests in this study demonstrates that light was not a limiting 
factor in determining species composition in the herbaceous layer of compensation sites.  While 
compensation and naturally occurring wetlands currently represent very different community types, as 
the canopy develops compositional overlap should increase through environmental filtering.  
Additionally, forests undergoing secondary succession have been shown to peak in species richness 
several years following initial disturbance before declining (Zhu et al. 2009).  Since differences in site 
richness can affect site-to-site similarity values (Olden and Poff 2003), a set of sites in different stages of 
succession should be expected to display a broad range of site-to-site similarity values.  Zhu et al. (2009) 
demonstrated that site-to-site similarity values do indeed change in a predictable way with respect to 
time in forests undergoing secondary succession, and it is reasonable to expect the same to occur in 
compensation floodplain forests undergoing succession.  As ongoing compensation for wetland losses 
creates new sites while older compensation sites mature, differentiation amongst compensation 
floodplain forests should increase as they reflect an increasing variety of successional states with 
different degrees of species richness.   
The canopy layer of floodplain forests displayed no significant differences in β-diversity between 
naturally occurring and compensation floodplain forests.  Like the herbaceous layer of floodplain forests, 
little compositional overlap existed between the two wetland types.  Heavy seeded hard-mast trees, 
which were deliberately planted in these wetlands (Matthews and Pociask 2015), as well as wind 
dispersed early colonizers are identified in the indicator species analysis of compensation floodplain 
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forests, reflecting a combination of both passive and active restoration practices.  Unlike the herbaceous 
layer, these communities may not converge toward the species composition of naturally occurring 
floodplain forests substantially, if at all.  β-diversity in these sites may change over time, but the manner 
in which that occurs will likely depend on the persistence and recruitment of planted and early 
colonizers at individual sites, as well as the dispersal abilities and limitations of potential colonizers.   
Herbaceous emergent wetlands displayed no difference in regional β-diversity between natural 
and compensation wetlands.  While out of kind wetland replacement or the replacement of high quality 
wetlands with compensation wetlands poses a danger of homogenizing landscapes (Brooks et al. 2005), 
the compensation wetlands analyzed in this study are not, by themselves, a homogenizing factor.  
However, much of the wetland area in Illinois is highly degraded (Fennessy and Craft 2011) and in the 
process of undergoing biotic homogenization (see Chapter 1).  The natural wetlands used in this study 
were randomly selected do not necessarily represent high quality references, but rather, most likely 
reflect degraded conditions.  Because compensation wetlands have been shown to resemble highly 
degraded natural wetlands shortly after restoration efforts have been completed (Bedford 1999, 
Campbell et al. 2002, Brooks et al. 2005, Matthews and Spyreas 2010), the high degree of compositional 
overlap suggests that the compensation wetlands used in this study reflect degraded conditions.  
Therefore, in the best case scenario, wetland compensation may not erode existing β-diversity in a 
highly degraded landscape.  However, if compensation sites only reflect the β-diversity of low quality 
wetlands, then the general erosion of β-diversity across the landscape cannot be overcome by 
compensation practices.  A danger then exists for homogenization when high quality wetlands that 
contribute strongly to the integrity of regional β-diversity are replaced with compensation wetlands.   
No differences in the regional structure of β-diversity were detected between any compensation 
wetlands and natural wetlands used in this study.  However, that the canopy layer of compensation 
floodplain forests displayed no significant distance decay pattern with abundance data may be 
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informative.  This layer of compensation forests had high abundances of intentionally planted trees.  A 
preference for certain tree species at compensation wetlands has the potential to diminish distance 
decay rates if trees are planted without consideration for the geographic turnover of tree species among 
naturally occurring wetlands.  However, the sample size for compensation wetlands is small, which limits 
the interpretation of this observation.  Determining the validity of this observation is important for 
assessing the effects of active management on the structure of β-diversity, and will require more data. 
In other wetlands, similar rates of distance decay may reflect the influence of the surrounding 
landscape on compensation sites.  Indicators of floristic quality tend to be higher at compensation 
wetlands adjacent to high quality natural wetlands (Van den Bosch and Matthews in review) and 
propagules from the surrounding landscape have been shown to significantly influence species 
assemblages in compensation wetlands (Kettenring and Galatowitsch 2011).  Disturbance intensity has 
been associated with lower distance decay rates in wetlands at the local scale (Lu et al. 2009), and it is 
reasonable to assume that distance decay rates may be similarly lower for highly impacted wetlands at 
the regional level.   
In herbaceous emergent wetlands one species, Phalaris arundinacea, may have a large influence 
on maintaining similar distance decay rates between natural and compensation wetlands.  Naturally 
occurring herbaceous emergent wetlands in Illinois possess high abundances of wide ranging generalist 
species, including Phalaris arundinacea—a species responsible for degradation (Spyreas et al. 2010) and 
taxonomic homogenization in these wetlands (see previous chapter).  The distributions of Phalaris 
arundinacea in Illinois is spatially dependent (Spyreas et al. 2004), and will influence the structure of 
distance decay relationships based on site-to-site similarities in a profound way.  Because propagules 
from the surrounding landscape, which includes Phalaris arundinacea, contribute strongly to the 
assemblages found in compensation wetlands (Kettenring and Galatowitsch 2011), and because Phalaris 
arundinacea readily invades compensation and restored wetlands (Aronson and Galatowitsch 2008, 
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Matthews and Spyreas 2010), the distribution of Phalaris arundinacea in compensation wetlands likely 
reflects that of the surrounding landscape.  The presence of Phalaris arundinacea, and the tendency for 
wetland compensations to reflect low quality wetlands likely contribute to similar rates of distance 
decay between natural and compensation emergent wetlands in Illinois.   
In both floodplain forests and herbaceous emergent wetlands, the practice of within watershed 
compensations, with an emphasis on basing performance standards on high quality reference wetlands 
that are found locally within the watershed can help preserve the structure of β-diversity throughout 
the landscape.  Using distant high quality wetlands as references for restoration is problematic as more 
distant sites lose relevance to local restorations, potentially undermining the structure of β-diversity 
across the landscape (Beauchamp and Shafroth 2011).  Likewise, spatial clustering of reference sites 
makes an assessment of the impacts of wetland compensation on β-diversity of limited value.  
Comparing the structure of regional β-diversity between high quality reference wetlands and 
compensation wetlands is essential for assessing the impacts of wetland compensation on the structure 
of β-diversity at the regional level, and requires a dataset of high quality reference sites that are evenly 
distributed throughout the state.  Unfortunately, such a dataset does not yet exist, and given the 
widespread and intense impacts on wetlands in Illinois, may be impossible to procure.   
Conclusions 
In conclusion, this analysis demonstrates that compensation wetlands do not represent a more 
homogenous set of wetlands than those that occur naturally.  This is the case whether we consider 
regional β-diversity or internal β-diversity, though differences in the structure of internal β-diversity do 
exist.  While compensation wetlands do not, by themselves, erode β-diversity, the practice of 
compensating for wetland losses poses a threat to β-diversity if wetlands with high ecological integrity 
are not protected from development or out-of-kind replacement is accepted as compensation.  
Understanding how β-diversity in high quality reference wetlands and its spatial structure compares to 
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that of compensation wetlands is an essential next step in evaluating the effect of wetland 
compensation on β-diversity, but requires a set of reference wetlands that are spatially distributed in a 
comparable manner to compensation wetlands.  The monitoring of floodplain forests should be ongoing 
in order to assess the impacts of wetland compensation on composition and β-diversity in the long term.   
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Figures and Tables 
 
 
 
Figure 2.1: Boxplots representing βinternal for natural and compensation wetlands.  Boxplots on left 
represent βinternal calculated with the Sorensen Index, boxplots on right represent βinternal calculated 
with Morisita-Horn Index.  Gray circles represent values of βinternal for individual sites.  Black triangles 
represent mean values of βinternal.  Black bars represent median values of βinternal. 
 
Table 2.1: Results of Mantel test for relation between compositional dissimilarity 
and distance between plots 
Wetland type Similarity index Mantel Statistic p 
Natural Sorensen 0.93 0.001 
Mitigation Sorenson 0.83 0.001 
Natural Morisita-Horn 0.93 0.001 
Mitigation Morisita-Horn 0.78 0.001 
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Figure 2.2:  Heat maps based on distance matrices expressing plot-to-plot dissimilarity values.  Figures 
on the left (a and c) represent dissimilarity in naturally occurring herbaceous emergent wetlands.  Heat 
maps on right (b and d) represent dissimilarity in compensation wetlands.  Plot-to-plot dissimilarities 
were calculated based on the Sorensen Index (a and b) and the Morisita-Horn Index (c and d).  Plot 
position 1 represents the driest part of the hydrologic gradient, plot position 20 represents the wettest 
part of the hydrologic gradient. 
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Figure 2.3: Proportion of relative abundance of species with specific wetland indicator statuses: 
OBL=Obligate, FACW= Facultative wetland, FAC=Facultative, FACU=Facultative upland, UPL=Upland.  
Bars represent abundance data aggregated across all sites within each plot for natural herbaceous 
emergent wetlands (a) and compensation herbaceous emergent wetlands (b). 
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Figure 2.4: Boxplots representing βsite, SOR and βsite, MH in natural and compensation wetlands.  Boxplots at 
top represent βsite, SOR and βsite, MH in herbaceous emergent wetlands (a and b).  Boxplots in the second 
row represent βsite, SOR and βsite, MH in floodplain forests herbaceous layers (c and d).  Boxplots in the 
bottom row represent βsite, SOR and βsite, MH in canopy layer of floodplain forests (e and f). 
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Figure 2.5: Plots representing decreasing site-to-site dissimilarity (distance decay) based on pairwise 
similarities using the Sorensen Index (a, c, e) and Morisita-Horn Index (b, d, f) in natural and 
compensation wetlands.  Gray lines represent natural wetlands; black lines represent compensation 
wetlands.  Dashed lines represent 95% confidence intervals.  Plots on top represent distance decay in 
herbaceous emergent wetlands (a and b), plots in the second row represent distance decay in floodplain 
forests herbaceous layers (c and d), and plots in the bottom row represent distance decay in canopy 
layer of floodplain forests (e and f). No significant differences in distance decay rates (slopes) were 
found between naturally occurring wetlands and compensation wetlands. 
 
72 
 
 
Figure 2.6: Boxplots representing richness in natural and compensation wetlands in herbaceous 
emergent wetlands (a), floodplain forest herbaceous layers (b), and floodplain forest canopies (c). 
 
 
Figure 2.7: Principal coordinates plots representing compositional overlap between naturally occurring 
sites (NAT) and compensation sites (REST).  Figures on top row (a, b, and c) represent ordination of 
herbaceous emergent wetlands (a), floodplain forest herbaceous layers (b), and floodplain forest canopy 
layers (c) carried out with Sorensen Index.  Figures on bottom row (d, e, and f) represent ordination of 
herbaceous emergent wetlands (d), floodplain forest herbaceous layers (e), and floodplain forest canopy 
layers (f) carried out with Morisita-Horn Index.  Points represent sites, lines represent distance to 
centroids.   
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CHAPTER 3: SUMMARY AND SYNTHESIS 
Summary of conclusions 
In two studies that make up this thesis, I investigated how β-diversity has changed in wetlands 
and how β-diversity differed between naturally occurring wetlands and compensation wetlands.  The 
first study found that wetlands in Illinois have undergone significant taxonomic homogenization over a 
period of 15 years.  Herbaceous emergent wetlands have homogenized primarily as a result of the 
increased abundance and distribution of Phalaris arundinacea L., and corresponding decline of several 
losing species.  In floodplain forests, taxonomic homogenization is occurring primarily due to the 
increasing importance of Celtis occidentalis L.  Although my study documented this process of taxonomic 
homogenization in wetlands, it also highlighted problems associated with the complex dynamics of 
changing β-diversity that may arise when attempting to study taxonomic homogenization.  These 
include scenarios in which homogenization is not occurring in all cases, or when communities converge 
toward different homogenous states.  More sophisticated models describing homogenization that 
account for these scenarios and the incorporation of concepts such as alternative stable states (Suding 
et al. 2004) may facilitate studies on taxonomic homogenization in the future. 
 In the second study, I found that compensation wetlands were not more homogenous than 
natural wetlands in Illinois.  At within-site scales, compensation wetlands were more differentiated 
based on plot-to-plot comparisons.  However, differences in the structure of β-diversity across 
hydrological gradients indicated that whether a compensation wetland is more or less homogenous 
depends on where along the hydrological gradient assessments are being made.  At regional scales, 
herbaceous emergent wetlands were not more homogenous than natural wetlands, but likely reflect the 
composition of natural wetland sites that have already homogenized.  The herbaceous layers of forested 
compensation wetlands were more taxonomically differentiated than those of natural forested 
wetlands, which is likely due to successional differences between these wetland types.  Whether 
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wetland compensation degrades or bolsters regional β-diversity can be assessed with datasets of that 
discriminate between spatially distributed high quality and low quality reference sites, yet at the 
moment, such a dataset does not exist.  More monitoring should be undertaken to investigate how β-
diversity and composition in compensation floodplain forests changes with time.   
Synthesis 
Taxonomic homogenization is threat to biodiversity.  In some naturally occurring wetlands, this 
process is occurring significantly and rapidly (see Chapter 1).  However, in the modern context, naturally 
occurring wetlands are not the only wetlands that contribute to the β-diversity of a landscape.  It is 
important to consider how restored wetlands, as well as the practice of compensating for wetland losses 
using restoration, impact the magnitude, rates and dynamic processes of taxonomic homogenization 
across a region.  Evidence in the previous chapters of this thesis points to different potential outcomes 
of compensation practices as they pertain to β-diversity.  Although wetland compensation as it is 
practiced now cannot, in some cases, overcome the ongoing degradation of β-diversity, there exists the 
potential for compensation to counter taxonomic homogenization at the regional level.   
In herbaceous emergent wetlands in Illinois, the increasing distribution and abundance of 
Phalaris arundinacea and the simultaneous declines in the distribution and abundance of several other 
species has resulted in increasing floristic similarity over 15 years (see Chapter 1).  Within the same 
region, no significant differences in β-diversity were found between compensation wetlands and 
naturally occurring wetlands (see chapter 2).  However, the natural wetlands that were used for 
comparison had already undergone significant taxonomic homogenization (see Chapter 1), and 
compensation wetlands displayed a high degree of compositional overlap with these homogenized sites 
(see Chapter 2).  Compensation wetlands are prone to invasion by P. arundinacea (Mulhouse and 
Galatowitsch 2003, Aronson and Galatowitsch 2008) and often resemble degraded wetlands shortly 
after monitoring periods have been completed (Matthews and Spyreas 2010).  These compensation 
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wetlands are therefore likely to undergo a process of taxonomic homogenization that is similar to that 
of naturally occurring wetlands.  While these compensation wetlands do not represent a more 
homogenous set than naturally occurring wetlands (Chapter 2), compensation as it is currently practiced 
with herbaceous emergent wetlands cannot overcome the ongoing degradation to β-diversity that is 
occurring throughout the region.  In the worst case scenario, replacing natural wetlands that contribute 
to greater β-diversity with compensation wetlands might exacerbate taxonomic homogenization.   
On the other hand, while herbaceous emergent wetlands shared a high degree of compositional 
similarity to naturally occurring, homogenized wetlands, composition in the canopy layer of forested 
compensation sites reflected both deliberate plantings and early successional species (see Chapter 2).  
Like naturally occurring herbaceous emergent wetlands, naturally occurring floodplain forests have also 
undergone significant taxonomic homogenization.  Homogenization in floodplain forests has been 
documented in other studies (Johnson and Waller 2013), and the compositional changes observed in 
Chapter 1 are consistent with those found in floodplain forests throughout the Midwest (Hale et al. 
2008, Johnson and Waller 2013).  How composition will change in compensation floodplain forests 
remains to be seen, but the creation of early successional habitats through compensation practices may 
mitigate the effects of taxonomic homogenization in communities experiencing a loss of colonizing 
species, such as those found on dam regulated river floodplains (Johnson and Waller 2013).  At the same 
time, restoration with active plantings that are persistent influence composition in a substantial manner, 
and may have an impact on compositional turnover.  When done with careful consideration for regional 
β-diversity and its spatial structure, active plantings may be used to mitigate the effects of taxonomic 
homogenization to some degree. 
Compensation as it is currently practiced has different effects on β-diversity in floodplain forests 
and herbaceous emergent wetlands, and thus has different implications for the relationship between 
compensation and taxonomic homogenization.  Still, in both cases there exists the potential to combat 
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ongoing taxonomic homogenization through compensation practices, but to take advantage of this 
potential will require effort.  Additional monitoring of naturally occurring wetlands to track trends and 
identify the drivers of homogenization, including winning and losing species, is needed to clearly 
describe the pathways and processes of taxonomic homogenization.  Likewise, similar monitoring of 
compensation wetlands will be necessary to determine if compositional change and taxonomic 
homogenization occurs along similar trajectories as those found in naturally occurring wetlands.  It is 
also essential to develop a dataset of regionally dispersed, high quality wetlands to use as a reference 
that pertains to β-diversity.  All of this information can be used to plan compensation wetlands that 
preserve the integrity of β-diversity throughout the region while mitigating the effects of taxonomic 
homogenization.  Most importantly, the degradation of β-diversity in wetlands should be explicitly 
incorporated into the framework of compensation.  Human activities impact the biodiversity of wetlands 
at all levels of organization, including compositional turnover (β-diversity).  Incorporating β-diversity into 
the framework of compensation is necessary to ensure that taxonomic homogenization, and the role 
wetland compensation can play in either exacerbating it or countering it, is not overlooked. 
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APPENDIX A: NMDS PLOTS WITH SPECIES 
 
These plots were used to identify which species may be most meaningful to observed patterns of 
homogenization. 
 
 
 
Figure A.1: NMDS plot representing species placement for herbaceous emergent wetlands in 
multidimensional space based on the Sorensen Index (a) and based on Morisita-Horn (b).  Red crosses 
represent species.  Black circles represent sites.  Priority in plotting is given to species with greatest 
frequencies.   
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Figure A.2: NMDS plot representing species placement for herbaceous layers of floodplain forests in 
multidimensional space based on the Sorensen Index (a) and based on Morisita-Horn (b).  Red crosses 
represent species.  Black circles represent sites.  Priority in plotting is given to species with greatest 
frequencies.   
 
 
Figure A.3: NMDS plot representing species placement for canopy layers of floodplain forests in 
multidimensional space based on the Sorensen Index (a) and based on Morisita-Horn (b).  Red crosses 
represent species.  Black circles represent sites.  Priority in plotting is given to species with greatest 
frequencies. 
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APPENDIX B: THE ROLE OF RICHNESS IN β-DIVERSITY 
 
Patterns of TH are dependent on changes in both richness and spatial turnover (Olden and Poff 
2003).  Changes in species richness can result in homogenization when richness values become similar 
across sites (Baiser et al. 2012).  Investigating the effects of richness in studies of TH is therefore 
important for interpreting the results of analysis (Baeten et al. 2012, Baiser et al. 2012).  Repeated 
measures ANOVA was used to test the null hypothesis that mean site level species richness is does not 
change with sampling period.  Patterns of mean site level richness were compared to patterns in mean 
values of βSOR.  The effect of richness on β-diversity was also investigated using a method developed by 
Carvalho et al. (2012).  For each sampling period, mean βSOR was decomposed into components 
representing the contributions of species turnover (βrepl) and richness (βrich).  The Morisita-Horn Index is 
robust to differences in richness (Jost et al. 2011), so trends in βMH do not need to be evaluated for 
contributions of site richness to measures of β-diversity.   
Results 
The effect of time on richness in herbaceous emergent wetlands was significant (F3,141=3.17, 
p=0.03).  Richness increased between sampling periods 1 and 3, then declined in sampling period 4.  In 
the herbaceous layer of floodplain forests, I was unable to reject the null hypothesis that mean site level 
richness did not change over sampling periods (F3,30=0.227, p=0.88).  In the canopy layer of floodplain 
forests, richness increased between sampling periods 1 and 3, then declined in sampling period 4.  
Sampling period was found to have a significant effect on richness (F3,30=9.020, p=0.0002).   
In all cases, changes in both βrich and βrepl contribute to changes in βregional based on the Sorensen 
Index (Tables B.1, B.2, and B.3).  Changes in values of βrich and βrepl appear to generally be negatively 
correlated, and the resulting change in βregional (see Chapter 2) is dependent on whether the change in 
βrich is larger than the change in βrepl, and vice versa.   
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Table B.1: Mean richness and contributions of β-diversity from overlap (βrepl) and richness 
(βrich) for herbaceous emergent wetlands across four sampling periods 
Sampling period Mean richness ± SD βrepl ± SD βrich ± SD 
1 13.9 ± 9.1 0.51 ± 0.06 0.38 ± 0.05 
2 15.0 ± 9.6 0.50 ± 0.06 0.40 ± 0.05 
3 15.2 ± 11.1 0.47 ± 0.06 0.42 ± 0.05 
4 12.6 ± 9.2 0.50 ± 0.06 0.39 ± 0.05 
 
Table B.2: Mean richness and contributions of β-diversity from overlap (βrepl) and richness 
(βrich) for the herbaceous layer of floodplain forests across four sampling periods 
Sampling period Mean richness ± SD βrepl ± SD βrich ± SD 
1 33.0 ± 11.4 0.46 ± 0.02 0.16 ± 0.01 
2 31.9 ± 11.3 0.39 ± 0.01 0.22 ± 0.01 
3 33.6 ± 13.3 0.44 ± 0.01 0.19 ± 0.01 
4 33.5 ± 14 0.41 ± 0.01 0.23 ± 0.01 
 
Table B.3: Mean richness and contributions of β-diversity from overlap (βrepl) and richness 
(βrich) for the canopy layer of floodplain forests across four sampling periods 
Sampling period Mean richness ± SD βrepl ± SD βrich ± SD 
1 10 ± 3.49 0.44 ± 0.07 0.21 ± 0.05 
2 11.5 ± 4.55 0.41 ± 0.07 0.23 ± 0.05 
3 12.2 ± 4.12 0.44 ± 0.07 0.2 ± 0.05 
4 11.5 ± 3.93 0.43 ± 0.07 0.21 ± 0.05 
 
Because patterns of richness do not follow patterns of βregional in the wetlands I investigated (see 
Chapter 2), it may be inferred that changes in richness are not the sole driver of biotic homogenization 
in herbaceous emergent wetlands.  Rather, increasing taxonomic similarity is driven, at least in part, by 
increasingly similar community composition between sites.   
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APPENDIX C: AVERAGE PERCENT RELATIVE IMPORTANCE VALUES (IVs) ACROSS SAMPLING PERIODS 
FOR CANOPY LAYER 
 
Table C.1: Average percent relative IVs across sampling periods and overall change for species in 
the canopy layer of floodplain forests 
 
Sampling 
Period 1 
Sampling 
Period 2 
Sampling 
Period 3 
Sampling 
Period 4 
Overall 
Change 
Celtis occidentalis 9.26 11.17 11.30 13.66 4.40 
Ulmus americana 14.20 12.52 12.49 11.79 -2.41 
Crataegus punctata 3.61 0.00 1.55 1.51 -2.10 
Cercis canadensis 2.66 1.91 1.15 0.99 -1.67 
Juglans nigra 3.90 3.36 3.45 2.53 -1.37 
Acer saccharinum 14.57 14.00 12.86 13.24 -1.33 
Acer rubrum 6.41 7.28 7.27 7.66 1.25 
Betula nigra 5.18 4.47 4.19 4.06 -1.12 
Lonicera maackii 0.00 0.23 0.99 1.06 1.06 
Crataegus mollis 3.25 4.16 4.87 4.11 0.85 
Vitis riparia 0.42 0.86 1.44 1.23 0.81 
Toxicodendron radicans 0.00 0.69 0.68 0.73 0.73 
Carya cordiformis 0.33 0.82 0.83 1.00 0.67 
Platanus occidentalis 3.79 3.81 4.42 4.36 0.58 
Vitis cinerea 0.00 0.16 0.09 0.54 0.54 
Liquidambar styraciflua 1.84 1.87 1.49 1.32 -0.52 
Fraxinus pennsylvanica 2.64 2.46 2.81 2.13 -0.51 
Ulmus rubra 1.96 3.02 1.94 2.46 0.50 
Asimina triloba 3.40 2.86 3.00 2.95 -0.45 
Acer negundo 5.96 5.66 6.06 5.58 -0.38 
Carya laciniosa 0.32 0.10 0.60 0.67 0.35 
Quercus bicolor 0.72 0.49 0.41 0.43 -0.29 
Salix nigra 0.29 0.13 0.00 0.00 -0.29 
Parthenocissus quinquefolia 0.00 0.14 0.17 0.27 0.27 
Carya ovata 0.26 0.36 0.00 0.00 -0.26 
Prunus serotina 0.33 0.54 0.37 0.57 0.24 
Morus rubra 0.66 0.67 0.68 0.90 0.24 
Tilia americana 0.61 0.67 0.62 0.85 0.24 
Populus deltoides 1.51 1.34 1.43 1.74 0.23 
Quercus palustris 1.30 1.12 1.21 1.09 -0.21 
Gymnocladus dioicus 0.53 0.52 0.45 0.38 -0.15 
Quercus macrocarpa 0.58 0.58 0.50 0.71 0.13 
Maclura pomifera 2.58 2.95 2.81 2.70 0.12 
Quercus alba 0.26 0.24 0.42 0.14 -0.12 
Morus alba 0.55 0.63 0.38 0.43 -0.12 
Campsis radicans 0.00 0.00 0.00 0.10 0.10 
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Table C.1 cont. 
Malus ioensis 0.09 0.00 0.00 0.00 -0.09 
Gleditsia triacanthos 4.11 4.52 4.54 4.20 0.09 
Viburnum prunifolium 0.00 0.00 0.08 0.08 0.08 
Quercus imbricaria 1.08 0.98 1.08 1.00 -0.08 
Vitis vulpina 0.00 0.11 0.07 0.05 0.05 
Celtis laevigata 0.78 1.02 0.97 0.82 0.05 
Robinia pseudoacacia 0.04 0.00 0.00 0.00 -0.04 
Crataegus crus-galli 0.00 1.53 0.08 0.00 0.00 
Acer saccharum 0.00 0.00 0.13 0.00 0.00 
Fraxinus americana 0.00 0.00 0.10 0.00 0.00 
Ilex decidua 0.00 0.04 0.05 0.00 0.00 
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APPENDIX D: DISTANCE DECAY RESULTS 
 
Table D.1: Results of regression 
Community Wetland Type Similarity Index R2 F-statistic df1 df2 p-value 
Herbaceous Emergent Natural Sorensen 0.02 133.2 1 5669 <<0.0001 
Herbaceous Emergent Compensation Sorensen 0.05 15.13 1 323 0.0001 
Herbaceous Emergent Natural Morisita-Horn 0.02 115.3 1 5669 <<0.0001 
Herbaceous Emergent Compensation Morisita-Horn 0.04 14.89 1 323 0.0001 
Forested, Herb Layer Natural Sorensen 0.09 48.76 1 494 <<0.0001 
Forested, Herb Layer Compensation Sorensen 0.18 13.94 1 64 0.0004 
Forested, Herb Layer Natural Morisita-Horn 0.11 57.94 1 494 <<0.0001 
Forested, Herb Layer Compensation Morisita-Horn 0.21 17.19 1 64 0.0001 
Forested, Canopy Layer Natural Sorensen 0.05 24.94 1 494 <<0.0001 
Forested, Canopy Layer Compensation Sorensen 0.10 7.093 1 64 0.0098 
Forested, Canopy Layer Natural Morisita-Horn 0.04 20.54 1 494 <<0.0001 
Forested, Canopy Layer Compensation Morisita-Horn 0.0002 0.01146 1 64 0.92 
 
 
Table D.2: Mean slope for subset of natural wetlands, slope of compensation wetlands, and p-values for 
differences in these slopes based on different similarity indices.  P-values are based on 4999 randomizations 
Community Index Mean slope, natural 
wetlands 
Slope, compensation 
wetlands 
p-value 
Herbaceous Emergent Sorensen -0.00013 -0.00017 0.56 
Herbaceous Emergent Morisita-Horn -0.00027 -0.00024 0.57 
Forested, Herb Layer Sorensen -0.00039 -0.00028 0.48 
Forested, Herb Layer Morisita-Horn -0.00064 -0.00058 0.57 
Forested, Canopy Layer Sorensen -0.00036 -0.00035 0.61 
Forested, Canopy Layer Morisita-Horn -0.00040 -0.00002 0.46 
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APPENDIX E: SPECIES IDENTIFIED VIA INDICATOR SPECIES ANALYSIS 
 
Table E.1: Indicator species for naturally occurring herbaceous 
emergent wetlands 
 Indicator Value p-value 
Boehmeria cylindrica 0.502 0.03 
 
 
Table E.2: Indicator species for compensation herbaceous 
emergent wetlands 
 Indicator Value p-value 
Alisma plantago aquatica 0.562 0.002 
Solidago canadensis 0.535 0.026 
Carex vulpinoidea 0.525 0.001 
Eupatorium serotinum 0.516 0.001 
Lycopus americanus 0.507 0.005 
Rumex crispus 0.484 0.002 
Poa pratensis 0.465 0.025 
Aster pilosus 0.463 0.001 
Salix exigua 0.461 0.001 
Polygonum amphibium 0.453 0.043 
Ambrosia artemisiifolia 0.442 0.014 
Apocynum cannabinum 0.418 0.005 
Carex granularis 0.392 0.002 
Trifolium hybridum 0.392 0.001 
Echinochloa muricata 0.389 0.006 
Populus deltoides 0.387 0.006 
Iva annua 0.383 0.012 
Rorippa palustris 0.374 0.030 
Ulmus americana 0.363 0.008 
Erigeron annuus 0.363 0.017 
Carex cristatella 0.363 0.034 
Penthorum sedoides 0.363 0.046 
Ludwigia palustris 0.360 0.035 
Eleocharis erythropoda 0.353 0.030 
Schoenoplectus tabernaemontani 0.349 0.038 
Eleocharis acicularis 0.340 0.007 
Melilotus alba 0.340 0.010 
Prunella vulgaris 0.340 0.006 
Veronica peregrina 0.340 0.009 
Carex molesta 0.332 0.009 
Carex frankii 0.331 0.024 
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Table E.2 cont.   
Daucus carota 0.325 0.016 
Aster ontarionis 0.315 0.032 
Bidens comosa 0.309 0.035 
Amaranthus tuberculatus 0.277 0.038 
Bromus tectorum 0.277 0.044 
Cyperus acuminatus 0.277 0.042 
Lespedeza cuneata 0.277 0.036 
Ludwigia polycarpa 0.277 0.036 
Panicum virgatum 0.277 0.048 
Potamogeton crispus 0.277 0.045 
Viola pratincola 0.277 0.041 
Potamogeton foliosus 0.277 0.041 
Medicago lupulina 0.275 0.050 
 
 
 
Table E.3: Indicator species for naturally occurring floodplain 
forests herbaceous layers 
 Indicator Value p-value 
Smilax hispida 0.829 0.001 
Laportea canadensis 0.813 0.001 
Carex grisea 0.810 0.001 
Pilea pumila 0.798 0.004 
Sanicula gregaria 0.791 0.002 
Cryptotaenia canadensis 0.769 0.003 
Parthenocissus quinquefolia 0.757 0.004 
Viola sororia 0.753 0.012 
Phlox divaricata 0.729 0.009 
Ranunculus septentrionalis 0.729 0.005 
Poa sylvestris 0.685 0.013 
Polygonum virginianum 0.685 0.012 
Festuca obtusa 0.661 0.017 
Viola pubescens 0.637 0.029 
Aster lateriflorus 0.612 0.031 
Cinna arundinacea 0.612 0.031 
Ranunculus abortivus 0.612 0.025 
 
Table E.4: Indicator species for compensation floodplain forests 
herbaceous layers 
 Indicator Value p-value 
Phalaris arundinacea 0.734 0.001 
Carex cristatella 0.645 0.001 
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Table E.4 cont.   
Rumex crispus 0.645 0.002 
Vitis riparia 0.590 0.031 
Veronica peregrina 0.577 0.009 
Bidens frondosa 0.576 0.012 
Solidago canadensis 0.542 0.012 
Amaranthus tuberculatus 0.500 0.011 
Ambrosia artemisiifolia 0.500 0.023 
Apocynum cannabinum 0.500 0.016 
Artemisia annua 0.500 0.030 
Carex granularis 0.500 0.016 
Echinocloa muricata 0.500 0.018 
Eleocharis compressa 0.500 0.018 
Iva annua 0.500 0.018 
Salix interior 0.500 0.012 
Ranunculus sceleratus 0.479 0.038 
Acalypha rhomboidea 0.479 0.038 
 
Table E.5: Indicator species for natural floodplain forests canopy 
layer 
 Indicator Value p-value 
Ulmus americana 0.942 0.001 
Celtis occidentalis 0.810 0.001 
Acer negundo 0.696 0.025 
Juglans nigra 0.661 0.015 
Quercus macrocarpa 0.661 0.012 
Ulmus rubra 0.661 0.017 
Carya cordiformis 0.612 0.028 
Crataegus mollis 0.612 0.041 
 
Table E.6: Indicator species for compensation floodplain forests 
canopy layer 
 Indicator Value p-value 
Salix nigra 0.842 0.001 
Quercus bicolor 0.786 0.001 
Betula nigra 0.683 0.005 
Populus deltoides 0.634 0.023 
Salix interior 0.577 0.007 
Carya illinoinensis 0.500 0.019 
 
 
